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Marine plastic pollution is a major environmental issue. Given their ubiquitous nature and
small dimensions, ingestion of microplastic (MP) and nanoplastic (NP) particles and their
subsequent impact on marine life are a growing concern worldwide. Transfers along the
trophic chain, including possible translocation, for which the hazards are less understood,
are also a major preoccupation. Effects of MP ingestion have been studied on animals
through laboratory exposure, showing impacts on feeding activity, reserve depletion and
inflammatory responses, with consequences for fitness, notably reproduction. However,
most experimental studies have used doses of manufactured virgin microspheres
that may not be environmentally realistic. As for most ecotoxicological issues, the
environmental relevance of laboratory exposure experiments has recently been debated.
Here we review constraints and priorities for conducting experimental exposures of
marine wildlife to microplastics based on the literature, feedback from peer reviewers
and knowledge gained from our experience. Priorities are suggested taking into account
the complexity of microplastics in terms of (i) aggregation status, surface properties and
interactions with organic and inorganic materials, (ii) diversity of encountered particles
types and concentrations, (iii) particle bioavailability and distribution in experimental
tanks to achieve reproducibility and repeatability in estimating effects, and (iv) strict
experimental procedures to verify the existence of genuine translocation. Relevant
integrative approaches encompass a wide spectrum of methods from -omics to
ecophysiological approaches, including modeling, are discussed to provide novel insights
on the impacts of MP/NP on marine ecosystems from a long-term perspective.
Knowledge obtained in this way would inform stakeholders in such a way as to help
them mitigate impacts of the micro- and nano-plastic legacy.
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INTRODUCTION

influencing their density, surface charge, bioavailability and
toxicity (Galloway et al., 2017). As a consequence, the
environmental relevance of laboratory exposure experiments
has recently been debated and challenged (Lenz et al.,
2016; Rochman, 2016). In order to meet decision-makers’
expectations, it is critical/essential to consider MP shape,
interaction with organic matter, and the biological and chemical
loads of microplastics, as well as using exposure doses as
close as possible to environmentally realistic concentrations
(Huvet et al., 2016; Karami, 2017). Based on the literature,
feedback from peer reviewers and knowledge gained from
our experience, we make a review of the constraints and
priorities for experimental exposures of marine organisms
to MP and NP. Having defined the main specific features
of MP and NP that need to be taken into account in
laboratory studies, we identify the major limitations that could
be avoided in such studies, and discuss some ways to improve
how MP and NP are handled in laboratory experiments.
Finally, we cover the use of mesocosm experiments, which
advantageously combine a similar level of control to that offered
by laboratory experiments with some of the complexity of natural
ecosystems. Such a combination may benefit from integrative
analytical approaches ranging from -omics to ecophysiological
approaches, including modeling, in order to objectively assess
the complex and dynamic impacts of MP and NP on marine
ecosystems.

Production of plastics is constantly increasing to sustain our
broadening uses in daily life (Thompson et al., 2009). As a
direct consequence, plastic waste in the environment is a growing
problem (e.g., Barnes et al., 2009); plastic waste entering the
oceans was calculated for 2010 at 4-12 million tons per year
and is predicted to increase by an order of magnitude by 2025
in the absence of waste management improvements (Jambeck
et al., 2015). Once in the environment, plastic debris fragments
into smaller particles such as microplastics (MP; <5 mm, NOAA,
2008), and presumably nanoplastics (NP; defined as particles
<100 nm or <1,000 nm according to Galloway et al. (2017) and
Gigault et al. (2018), respectively) whose presence in the Atlantic
gyre has been recently suggested (Ter Halle et al., 2017). MP can
also be produced as such, mainly in the form of microbeads used
in cosmetics, synthetic fibers discharged with washing waters,
and industrial abrasives. Microplastics have been reported in
the environment worldwide, from surface waters to deep-sea
sediments (Eriksen et al., 2013; Vianello et al., 2013; Wright
et al., 2013b; Cózar et al., 2014; Lusher et al., 2015), even in
areas far from human activities such as in polar waters (Lusher
et al., 2015; Cózar et al., 2017; Munari et al., 2017; Obbard,
2018). All environmental matrices appear contaminated: surface
waters (Moore et al., 2001; Eriksen et al., 2013), the water
column (Lattin et al., 2004; Ng and Obbard, 2006), sediments
(Van Cauwenberghe et al., 2013; Vianello et al., 2013) and biota
(Murray and Cowie, 2011; Fossi et al., 2012; Lusher et al., 2013;
Devriese et al., 2015; Figure 1).
Given their ubiquitous nature and small dimensions (Cózar
et al., 2014), their ingestion by and subsequent impact on marine
life-including transfer of biological or chemical contaminants-is a
growing concern (e.g., Wright et al., 2013a). This is especially true
when considering transfer along the trophic chain and possible
translocation, for which the hazards are less well understood
(GESAMP, 2016; Figure 1).
Overall, experimental studies focusing on the effects of MP
on marine organisms have increased sharply over the past
few years (Figure 2). Substantial effects have been reported
on feeding activity, reserve depletion, impairment of oxidative
balance and the immune system, and inflammatory responses,
with impacts on animal fitness, notably reproduction (e.g.,
Wright et al., 2013a; Paul-Pont et al., 2016; Rochman et al.,
2016; Sussarellu et al., 2016; Galloway et al., 2017). Effects
may scale up to the community level, as suggested by recent
publications demonstrating modifications in nutrient cycles and
benthic assemblage structures upon exposure to MP (Green,
2016; Green et al., 2016), as well as increasing disease risk for
coral communities (Lamb et al., 2018).
However, most previous experimental studies used unrealistic
scenarios with mostly high doses of manufactured virgin
microspheres that may not be representative of the variety
of microplastics found in the environment. The difficulty of
performing laboratory experiments to assess MP toxicity lies
in the fact that MP consist of a complex, dynamic mixture
of polymers and additives, to which organic material and
contaminants can successively bind, along with microorganisms,
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WHICH PARTICLES SHOULD BE USED IN
LABORATORY EXPERIMENTS?
Polymer Nature
Among the “Big Six” [polypropylene (PP), high- and low-density
polyethylene (HDPE and LDPE), polyvinyl chloride (PVC),
polyurethane (PUR), polyethylene terephthalate (PET), and
polystyrene (PS)], which account for 80% of plastic production
in Europe (PlasticsEurope, 2016) and are the most frequently
reported plastics in marine environments (Browne et al., 2010;
Karapanagioti et al., 2011; Vianello et al., 2013), polyethylene
(PE) and PP are presently the polymers predominantly recovered
in all environmental compartments (Isobe et al., 2014; Enders
et al., 2015; Frère et al., 2017), in accordance with the scale
of their global manufacture and use worldwide (Antunes et al.,
2013; GESAMP, 2016). Assuming that the chemical nature of
these polymers can modulate their impact, it appears relevant
to test the big six first, both separately and in complex
mixtures. However, experiments may also consider geographical
differences especially in estuarine and coastal ecosystems, e.g.,
polyester is generally dominant in fibers collected at sea but
it can be locally nylon due to local activities. Biodegradable
polymers would deserve attention in the near future. Exposure
experiments in the micro- and nano-ranges mainly use PS
and, to a lesser extent, PE microbeads (reviewed by Phuong
et al., 2016) due to the lack of commercial micro- and nanobeads made of other polymers. Previous studies testing the
influence of polymer type are difficult to interpret as the
detailed chemical compositions (including all additives among
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FIGURE 1 | Fate of microplastics in the marine environment.

FIGURE 2 | Number of published scientific papers related to the assessment of the microplastic effects on aquatic organisms through lab experiments over time.
Source: Web of Science; Period: 1975-2017; Keywords: (microplastic* OR “micro-plastic*” OR nanoplastic* OR “nano-plastic*” OR “plastic particle*) AND (impact* OR
exposure OR experimental OR lab* OR tank) AND (ocean* OR sea OR seas OR marin* OR seawater* OR water OR aquatic).

of the most common additives would clarify the toxicity
of MP according to their polymer nature. Other important
aspects (such as morphology, weathering of MP) would be
more hardly accounted for using laboratory produced model
particles because natural weathering and organic coating in
environmental conditions are complex processes that are difficult
to mimic in laboratory. With the current level of knowledge,
laboratory particles can be classified by size, by polymer
nature, can be artificially weathered or even colonized by
microorganisms.

which some may be hazardous) are never given because
manufacturers unwilling to provide them (e.g., Green et al.,
2016). It therefore remains difficult to compare the effects
of polymers based on their monomer chemistry when part
of the other unidentified constituents may be as toxic if
not more so than the monomers themselves (Hermabessiere
et al., 2017). To address this issue and helping deciphering
the respective influence of the physical (mechanical) and
chemical toxicities of MP, the production of laboratory model
polymers without additives or with controlled introduction
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Besides these aspects, polymers exhibit different densities that
affect their buoyancy, behavior and bioavailability to marine
organisms. As reported by Wright et al. (2013b), pelagic
filter/suspension feeders and plankton feeders are more likely
to encounter positively buoyant, low-density plastics such as
PE (density 0.91–0.94) while high density plastics such as PET
(density 1.38) are expected to sink, thus becoming available for
supra-benthic and benthic suspension/deposit feeders as well as
detritivores. Therefore, focusing on the most produced polymers
according to their bioavailability for a given species in a given
area is a key point to consider when assessing microplastic
effects on model organisms. For instance, wild bivalves living
close to a harbor may not be exposed to the same MP (paints,
PE fragments) as those cultivated in high-density farming areas
(PP rope fibers, PS foam fragments). Therefore, to improve
experiment relevance, in-situ measurements of the types and
forms of MP in a given area should be envisaged even though it
may be very costly and time-consuming. Nevertheless, such data
should be used with caution, as up to day traditional sampling
methods (e.g., manta trawl) do not take into account vertical
distribution and small size particles.

Shape
Several types of MP can be distinguished according to their
morphology: spheres (beads, pellets, and granules) that are
produced as such (primary MP); and fibers (filaments and lines),
films, fragments, and foams (Free et al., 2014; Karami, 2017),
which are produced from the fragmentation of larger plastic
debris (secondary MP). Accumulation of MP of different shapes,
such as planar, granular, fragments or fibers, has been shown
in different organisms (Lusher et al., 2013; De Witte et al.,
2014; Devriese et al., 2015; Li et al., 2015). Few studies have
examined the relative contributions of different MP sources in
aquatic environments. A first detailed estimation of the different
sources of MP in Norway showed that the sources of primary
MP (between 3.7 and 15.5%) are of minor importance compared
with secondary MP sources (between 84.5 and 96.3%) (Sundt
et al., 2014). If these estimates are correct and valid at a wider
environmental scale, then studies using primary MP (such as
microbeads) are disproportionally frequent compared with those
using secondary MP. This imbalance has occurred because
microbeads are the most easily commercially-available product
to use in tests, mostly with embedded fluorescent labeling or dyes
for easier detection (Yokota et al., 2017). Even though uniformly
sized and shaped analytical grade commercial microbeads are
useful tools for establishing the basic patterns of ingestion
and organism responses to MP exposure, their exclusive use
in laboratory experiments may lead to a biased representation
relative to the full range of microplastics found in water bodies
(Free et al., 2014; Mazurais et al., 2015; Figure 3). Indeed,
Graham and Thompson (2009) revealed that some benthic
organisms like sea cucumber could preferentially ingest plastic
fragments over other shapes. Recently, Gray and Weinstein
(2017) revealed that the ingestion, residence time and toxicity
of particles in shrimp depended on particle shape and size.
For instance, they showed a higher retention time of spheres
than fragments in the gut, whereas in the gills they observed a
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FIGURE 3 | Microplastics of various colors, shapes and sizes collected at sea.

hierarchy of retention patterns for fragments > spheres > fibers.
Moreover, fragments and fibers increased the mortality rate of
both shrimp and daphnia relative to beads (Gray and Weinstein,
2017; Ziajahromi et al., 2017) while no apparent post-ingestion
effects were observed on brine shrimp (Artemia sp.) exposed to
10 × 40 µm nylon fibers (Cole, 2016). Given the lack of data
regarding impacts of fibrous particles on organisms compared
with their spherical counterparts, it appears necessary to assess
their persistence in the environment to better understand their
potential impacts.
The difficulty of conducting experiments with secondary
MP lies in the fact that they are by definition more difficult
to collect or produce, especially regarding the need to obtain
sufficient amounts of relevant sizes. They are also more difficult
to monitor over the course of laboratory exposures. These
forms are indeed irregular and, with the exception of nylon
tubes (Cole, 2016), most often non-standard in shape and size,
making it difficult to design reproducible ecotoxicology studies.
Furthermore, their composition, original source, and traceability
are often impossible to determine consistently (Kedzierski, 2017).
Despite these limitations, using microfibers and fragments
and not only beads are of interest. A recent method using a
cryotome and Nile Red staining was developed to produce labeled
nylon microfibers (40-100 µm length and 10–28 µm width)
(Cole, 2016). To obtain realistic fragments, the best practical
method is to mill plastic objects from everyday life to obtain
MP of various sizes and shapes and/or use MP directly sampled
at sea (Graham and Thompson, 2009; Ogonowski et al., 2016).
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groups (decapods larvae, copepods and chaetognaths) although
this varied according to species (Cole et al., 2013). Adult Pacific
oysters Crassostrea gigas preferentially ingested 6-µm spheres
over 2 µm ones with a 5-fold difference (Sussarellu et al., 2016).
The size range of ingested particles also depends on biological
stage. Indeed, the diameter of the mouth of a juvenile oyster
was estimated at around 80 µm, and even smaller during the
larval stages (Cole and Galloway, 2015), thus limiting the size of
particles ingested.
Although MP ingestion is certainly the most studied entry
process, it is not the only mechanism of entry, especially
when considering nanoplastics (NP). Besides the usual digestive
ingestion, respiration processes of organisms such as fish can
also favor MP-NP entry. Effects were also reported to be sizedependent, especially for nanometric sizes, due to the physicochemical properties of NP (Lee et al., 2013; Jeong et al., 2016,
2017; Mattsson et al., 2017). MP ingestion is often reported
to cause problems in the digestive tract (satiation, clogging,
inflammations, ulcers, etc.) with impacts expected on energy
balance (Sussarellu et al., 2016), whilst potential translocation
of NP could induce different adverse effects within organs and
on various physiological functions (Kashiwada, 2006; Wright
et al., 2013b; Mattsson et al., 2015, 2017). Mixing particles of
different sizes clearly produces a more realistic scenario (Von
Moos et al., 2012; Mazurais et al., 2015) and should be favored
in laboratory exposures as long as the particle size distribution
is well characterized prior to the experiment. Measuring the
preferentially ingested size by analysis of gut and fecal content
using histology, digestible fluorescent coating (Karakolis et al.,
2018), microscopy and/or cytometry tools would also help to
identify the most bioavailable and, putatively, the most toxic
fraction according to species, physiological state and biological
stage. It would also allow the assessment of potential digestive
fragmentation processes that could reduce MP to NP, as recently
demonstrated for Antarctic krill Euphausia superba (Dawson
et al., 2018).

Several approaches can be tested for comparison purposes and
depending on the monomer nature: (i) physical degradation
(milling) of commercial pellets in order to obtain fragments and
(ii) milling of micro- and nano-thick films before and after photodegradation, as plastics become more brittle after UV exposure.
Samples are obtained in the form of a powder containing a wide
range of particle size and shape, which would be expected to
better mimic real particles in the environment. Such a powder
would require dissolution in an appropriate solvent, which will
also require testing for intrinsic toxicity before use (as done with
Tween in Ostroumov, 2003; Paul-Pont et al., 2016). Because it
is difficult to fine tune such milling, sieving may be necessary
to remove an unwanted fraction, especially the smallest sizes
such as NP, or to produce specific size classes according to the
ingestion capacity of the studied animals. The first major prerequisite to perform laboratory experiments using laboratorygenerated fragments and fibers is to accurately determine size
distribution, shape and behavior (buoyancy and aggregation) in
seawater. Some of these parameters (e.g., size and/or shape) can
be monitored using microscopy coupled with image analysis
software or an electronic particle counter mostly employed
for phytoplankton counts (Huvet et al., 2015). More complete
but unaffordable techniques are Atomic Force Microscopy (or
laser granulometry) and 3D-optical profilometry (morphology
and surface properties), scanning and transmission electron
microscopy (shape and size), and diffusion light scattering or
x-rays for NP and small MP (aggregation, charge). A major
drawback of these techniques is that they can be quite time
consuming. It is noteworthy that milling large plastic objects
to obtain enough micro-fragments of appropriate and precise
size range is still very challenging and requires significant
methodological improvements.

Size
In the natural environment, marine organisms encounter plastic
pieces with a wide size range from nanometers to meters (e.g.,
Mattsson et al., 2015; Galloway et al., 2017; Ter Halle et al., 2017).
Particle size controls the probability of consumption and thus
potential adverse effects (Wright et al., 2013b). In the literature,
different approaches have been tested to study MP ingestion,
trophic transfer and impacts: (i) exposure to a specific size
(Farrell and Nelson, 2013; Setälä et al., 2014; Watts et al., 2016);
(ii) exposure to several sizes separately (Lee et al., 2013; Cole and
Galloway, 2015; Jeong et al., 2016, 2017); and (iii) exposure to a
mixture of different sizes (Von Moos et al., 2012; Avio et al., 2015;
Green, 2016; reviewed by Phuong et al., 2016). All approaches
offer different advantages. Using a broad range of sizes helps to
determine the size range of particles that organisms can ingest
or interact with. The experiment performed by Erni-Cassola
et al. (2017) with a mixture of MP from a few micrometers to
5 mm, sampled from surface sea waters, is particularly relevant
in this respect. However, ensuring homogeneous distribution
of particles across experimental conditions may be difficult
to achieve and reproduce. Most studies conventionally chose
an MP size distribution in the same range as that of the
test organisms’ preys. For example, particles from 7 to 30 µm
appeared to be preferentially ingested by several zooplankton
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Concentrations
The need of elucidating eco-toxicity of MP is the main
justification for testing concentrations of MP far above those
found in marine waters (Pittura et al., 2018). Applying
environmentally relevant microplastic doses is still a challenge
for decision support (Huvet et al., 2016; Lenz et al., 2016;
Rochman, 2016) especially when considering the lack of
consistent field quantifications of MP as small as those used
in most experimental studies (Filella, 2015). Environmental
data on MP contamination in surface water and sediment
are numerous (Table 1) and are compiled in the freely
available Litter Database “Litterbase”(http://litterbase.awi.de/
litter)1 Among reported values, some of the highest have been
found in the southern North Sea (1,700,000 items m−3 ; ∼
8.5 mg L−1 ) for debris >80 µm (Dubaish and Liebezeit, 2013);
in South Korea (15,560 items m−3 ; ∼ 0.0778 mg L−1 ) for debris
>333 µm (Song et al., 2014), and in a Swedish bay (2,400
1 Litterbase. Distribution of litter types in different realms. Http://litterbase.awi.de/
litter. Accessed January 7,2018
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TABLE 1 | Environmental concentrations of microplastics in surface water (SW) and sediment (Sed).
Compartments

Study sites

Concentrations in
original units

Surface water

North pacific gyre

30,169 g.km−2

South pacific gyre

369,342 items.km−2

South pacific gyre

969,777 items.km−2

California (US)

0.009 g.m−3

California (US)

2.44 mg.m−3

NE pacific

0.209 mg.m−3

NW mediterranean

Sediment

Estimated concentrations
(mg.L−1 for SW and mg/kg−1
for Sed.)

Size (µm)

References

0.0002

>333 µm

Moore et al., 2001

0.0732

<1 −4.75
mm>

Eriksen et al., 2013

0.511

<1–4.75
mm>

Eriksen et al., 2013

0.009

>333 µm

Moore et al., 2002

0.00244

>333 µm

Lattin et al., 2004

0.0003

>500 µm

Doyle et al., 2011

2.28 mg.m−2

0.0228

>333 µm

Collignon et al., 2012

N Atlantic gyre

2.67 mg.m−3

0.00267

>150 µm

Reisser et al., 2015

South Korea

15,560 items.m−3

0.0778

>333 µm

Song et al., 2014

Swedish coasts

2,400 items.m−3

0.012

>80 µm

Norén, 2007

European coasts

501 items.m−3

0.002505

<10–
1,000 µm >

Enders et al., 2015

Great Lakes USA

32 items.m−3

0.00016

>333 µm

Baldwin et al., 2016

West Med/Adriatic

10,432.36 g.km−2

0.026081

>700 µm

Suaria et al., 2016

Southern North Sea

1,700,000 items.m−3

8.5

>80 µm

Dubaish and Liebezeit, 2013

Yangtze Estuarie (China)

10,200 items.m−3

0.051

>333 µm

Zhao et al., 2014

NE Pacific

9,200 items.m−3

0.046

>333 µm

Desforges et al., 2014

Qatar

3 items.m−3

0.000015

>120 µm

Castillo et al., 2016

Bohai Sea (China)

1.23 items.m−3

0.00000615

>330 µm

Zhang, W. et al., 2017

Three Gorges Reservoir
China

12,611 item.m−3

0.063055

>48 µm

Di and Wang, 2018

Belgium

390 items.kg− 1

7.21

>38 µm

Claessens et al., 2011

Artic

6,595 items.kg− 1

32.975

<1–
275 µm >

Bergmann et al., 2017

Urban breach (Brazil)

313 items.kg− 1

1.565

<0.5–
20 mm >

Costa et al., 2010

Kalinigrad (Russia

36.3 items.kg− 1

0.1815

<0.5–
20 mm >

Esiukova, 2017

Beach Bohai Sea (China)

163.3 items.kg− 1

0.8165

N/A

Yu et al., 2016

Three Gorges Reservoir
(China)

300 items.kg− 1

1.5

>48 µm

Di and Wang, 2018

Lagoon of Venice (Italy)

2,175 items.kg− 1

10.875

>32 µm

Vianello et al., 2013

India

N/A

81

N/A

Reddy et al., 2006

Data are expressed in original units and were transformed in mass concentrations (mg.L−1 or mg.kg−1 ) using methods described by Besseling et al. (2014a) (trawling depth of 0.1 m
and an average weight of MP equate to 5 µg).

items m−3 ; ∼0.012 mg L−1 ) for debris >80 µm (Norén, 2007;
Table 1). The MP (2 and 6 µm) mass concentration used for
exposure in Sussarellu et al. (2016) and Paul-Pont et al. (2016),
for instance, was in the range of the highest estimated field
concentration obtained from manta trawl sampling: >333 µm.
However, the corresponding number of particles per volume
was on average 1,000 times higher than the highest estimate of
1.7 MP mL−1 for particles >80 µm obtained by Dubaish and
Liebezeit (2013). However, small MP were recently demonstrated
to be increasingly abundant following a power-law increase
(by a factor of ∼2.2) with a decreasing particle size in sea
surface samples (Erni-Cassola et al., 2017). Similarly, recent
publications demonstrated a high percentage (80%) of small MP
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(25–50 µm, for which few data are available) in surface water
or sediment, compared with large sized particles (Enders et al.,
2015; Bergmann et al., 2017). Applying the power-law increase
factor calculated by Erni-Cassola et al. (2017) to the >80 µm
plastic debris collected by Dubaish and Liebezeit (2013) gives an
estimated average of 1,000 MP mL−1 for particles whose size is
centered around 4 µm, and therefore in the range of those used
in Sussarellu et al. (2016) and Paul-Pont et al. (2016), but still
several orders of magnitude higher than the estimate of 1.4 MP
mL−1 based on (Norén, 2007) data. If such a high concentration
for small MP was confirmed in local aquatic hotspots, the
environmental relevance of “high” concentration previously used
in most laboratory experiments should be carefully revised. This
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their higher surface to volume ratio (Lin et al., 2014; Mattsson
et al., 2015) and may change plastic surface characteristics
(Canesi and Corsi, 2016), their identity, and the way they
interact with organisms. For instance, an ecocorona around
polystyrene NP created by proteins released by Daphnia magna
caused heightened uptake, retention, and toxicity of NP (Nasser
and Lynch, 2016). Ecocorona formation and colonization
by microorganisms occur rapidly, at the scale of hours to
days (see section Biofouling and Hetero-Aggregation), while
other weathering mechanisms such as additive leakage and
photo-oxidation are longer term processes (taking months or
years; Figure 4). Moreover, complex interactions can occur
between processes, e.g., the presence of a biofilm on the
polymer surface can hinder photo-oxidation, but degradation
and fragmentation of polymers increases their active surface
available for colonization (Rummel et al., 2017). Hence, over
their stay in the environment, pieces of plastic debris will exhibit
various physical and chemical properties as well as biological
modifications (Figure 4). Their geometries, surface properties
and chemical composition will be permanently altered (Andrady,
1990; Rajakumar et al., 2009) and these changes could strongly
modify their behavior, bioavailability, and ultimately their
toxicity.
The results of very long weathering times on polymer
fragments in the marine environment have recently been
described by Ter Halle et al. (2017), based on samples from
the North Atlantic Gyre. These authors showed that even the
most robust polymers such as PE were severely damaged during
weathering, with a decrease in molar mass and degradation
of polymer chains, especially for micro-sized fragments
(<1 mm). Regarding macroplastics, a significant decrease
of the native functional groups of PET bottles was reported
from approximately 15 years spent in marine environment
(Ioakeimidis et al., 2016). Most exposure studies are conducted
using pristine polymers. However, comparing pristine and
weathered PE pellets over a few days to a few months in the
environment (Rochman et al., 2013b, 2014; Nobre et al., 2015;
Bråte et al., 2018) has revealed different effects on exposed
organisms. Indeed, in one case, fish were more impaired
when exposed to weathered pellets than new ones, possibly
as a consequence of organic compound adsorption on the
polymers during their “life” in marine waters (Rochman
et al., 2013b). In contrast, Nobre et al. (2015) reported lower
toxicity of stranded pellets than pristine ones, suggesting that
polymers release part of their additives during weathering.
These discrepancies are not surprising as it is assumed that the
effects of environmental weathering of plastic particles will differ
depending on both polymer and additive compositions, as well
as on the environmental conditions during weathering. For
instance, PE, PP, and PS pellets exposed to UV radiation showed
different degradation states according to the environment
(air > ultrapure water > synthetic seawater) as well as
discrepancies in terms of surface functional groups and textures
according to polymer type, as observed by FTIR, Raman, and
SEM (Cai et al., 2018). Further experiments should be conducted
to determine the importance of plastic weathering in impact
studies.

is especially true for benthic species, as MP concentration at the
sediment–water interface is estimated to be high, reaching up to
16.9 mg L−1 (Besseling et al., 2014a,b). Plastic contamination is
indeed estimated from surface layer sampling, although small MP
seem to have a lower residence time than larger debris in this
compartment (Enders et al., 2015). This partly explains the lower
contamination level of surface water compared to sediment,
especially at the water–sediment interface (Vianello et al., 2013;
Martin et al., 2017). For still smaller particles, the detection
and quantification of the nano-fraction in natural environments
remains a challenge. Promising studies are on their way, with a
recent first demonstration of nano-sized putative plastic particles
(comprised between 1 and 999 nm) in natural seawater samples
collected in the North Atlantic Subtropical Gyre (Ter Halle et al.,
2017), and the very recent high contamination levels discovered
in Artic (Peeken et al., 2018). Combination of analytical methods
such as asymmetric field flow fractionation (A4F), dynamic
light scattering (DLS) and pyrolysis gas chromatography
coupled with mass spectrometry (Pyr-GC/MS) may allow the
determination of nano-sized particle concentrations in natural
environments in the near future; the next challenge will be
quantification to determine the level of contamination by
small microplastics faced by marine organisms. Meanwhile,
until data on NP and the smallest MP become available,
the use of dose–response experiments like those performed
by Jeong et al. (2016, 2017) is of interest. Indeed, although
effects of MP may not be considered as “dose-dependent” in
natural conditions, this approach could still provide relevant
insights on toxicity thresholds for a given contaminant and
organism.

WEATHERING IMPLICATIONS
Modification of Surface Properties
Once they have entered the environment, all plastic fragments
or pellets undergo aging, a term used to encompass all
changes in polymer properties over a given period of time.
These changes can independently and/or simultaneously affect
polymer composition, and modify the physical integrity of the
particle and its surface properties (White, 2006). When such
changes occur after a long time in the natural environment,
the term used is “natural” aging or weathering. Weathering
of polymers in the marine environment leads to polymer
degradation through the addition of a number of complex
processes: organic matter coating of their surface, photooxidation, hydrolysis, mechanical abrasion, additive release and
pollutant adsorption, micro-organism colonization, and possibly
biodegradation. Surface coverage by a complex mixture of
organic and inorganic molecules (defined as an “ecocorona”;
Galloway et al., 2017) is the first modification of surface
properties that occurs when MP and NP are introduced into
natural seawater, as this brings them immediately into contact
with a more complex medium containing natural colloids,
inorganic (e.g., poly-ions and minerals) and organic matter
(e.g., mixtures of polysaccharides, proteins, lipids, and nucleic
acids, Keller et al., 2010). The nature of the ecocorona will
have a greater influence on smaller than larger particles due to
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FIGURE 4 | Hypothetical evolution of the physicochemical and biological modifications of microplastics and nanoplastics released in aquatic environments.

Materials that are insoluble in water when they are neutralized,
can become soluble if they are charged since electrostatic
repulsions fight against attractive van der Waals forces, as
explained by classic DLVO theory (named after its authors
Derjaguin, Landau, Verwey, and Overbeek; Derjaguin, 1941;
Verwey et al., 1999). This is well illustrated for NP, considering
hydrophobic dispersions stabilized with surface charges in
water. Most commercially-available nano-beads are made of
polystyrene (PS) and commonly have surface functionalization,
with anionic (COOH) or cationic (NH2 ) groups displaying
negative and positive charges, respectively, to give them stability
(Casado et al., 2013). Nevertheless, once resuspended in seawater,
the charge can change following complex molecular mechanisms
due to interaction of the surface groups with high number of
ions (Hofmeister, 1888; Cole and Galloway, 2015). In the rich
environment of marine salts, specific ions might have specific
chemical interactions with surface groups and thus neutralize
particle charges (Hofmeister, 1888). In addition, Afshinnia et al.
(2018) reported that natural colloids from the medium (e.g.,
humic substances) could influence the charge of the particles,
suppressing the positive charge and enhancing the negative
one, depending on both the point zero charge (pzc) of the
particles and the pH of the solution. An ecocorona can favor
the adhesion of the particles to each other or instead reduce
their flocculation in accordance with new surface affinities (Yu
et al., 2017). MP and NP charge is an important factor since
surface properties play a notable role in determining its effects
on organisms. Several studies have revealed a higher impact
of positively charged nano-polystyrene particles on different

To increase the environmental relevance of laboratory
exposures, MP weathered in natural or artificial environments
(from several days to weeks) can be prepared from pristine
plastics to allow ecocorona formation and modification of
chemical, physical and biological surface properties of the
particles as detailed in the following sections.

Particle Charges in Seawater
MP and NP charge and aggregation have been little reviewed
compared with their other aspects. In the absence of
sedimentation, sub-micron particles move freely due to
Brownian motion in water and finally aggregate (coagulate
or flocculate) over time. This behavior depends highly on
the particle surface charges and on the nature of the ions in
the medium. In the absence of surface charges, hydrophobic
particles are not thermodynamically stable and aggregate very
easily, forming agglomerates. However, when particles interact
with molecules present in seawater they can gain surface
charges (Keller et al., 2010). Interestingly, this interaction differs
according to plastic characteristics such as composition and
size, as noted by Fotopoulou and Karapanagioti (2015) who
studied the surface alteration of beached polyethylene (PE) and
polypropylene (PP) plastic pellets compared with virgin pellets.
The beached PE pellets mostly had a highly eroded surface
and a negative charge, while virgin plastics and beached PP
pellets had a neutral charge. In recent years, particle charge
has been considered important in the field of plastics due to
increasing production and use of small plastic particles (microand nano-sized) in various consumer products (Leslie, 2012).
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to influence the plastic–HOC interaction by modifying HOC
sorption processes (Koelmans et al., 2009) and oxidation, leading
to the potential production of metabolites that may be more toxic
than the original compound. There is a need to further testing to
what extent organic matter/ecocorona limits or, on the contrary,
favors HOC adsorption and detrimental impacts (Galloway et al.,
2017).
Far fewer studies have focused on plastic additives or plastic
leachates than on HOC, although plastic additives are widely
used throughout manufacturing to improve plastic properties
(flame retardants, plasticizers, stabilizers, antioxidants, etc.) at
very high concentrations ranging from 7% (non-fibrous plastic;
Geyer et al., 2017) to 60% (PVC; Net et al., 2015) of the plastic
polymer mass. Transfer and toxicity of plastic additives to
marine organisms upon plastic ingestion has been demonstrated
both in laboratory experiments and field studies (Browne et al.,
2013; Rochman et al., 2013b). However, Koelmans et al. (2014)
demonstrated via modeling approaches that only a limited
transfer of nonylphenol and bisphenol A occurred from MP
to both lugworm and North Sea cod, compared with aqueous
environmental concentrations of these additives. Indeed,
leaching of plastic additives from plastic debris to surrounding
seawater may occur rapidly and concentrations of the major
additives (phthalates, bisphenol A, polybrominated diphenyl
ethers, and nonylphenols) ranging from pg L−1 to µg L−1 have
been recorded in natural environments (Hermabessiere et al.,
2017). Many studies have reported significant toxicity of plastic
leachates (obtained from various plastic debris) on aquatic
organisms such as fish, bivalves and crustaceans (reviewed in
Hermabessiere et al., 2017). More recently, Martínez-Gómez
et al. (2017) focused on the commercially-available particles often
used in laboratory experiments, reporting significant toxicity
of virgin and aged PS and HPDE MP as well as their leachates
on the fertilization success and embryonic development of sea
urchin. Interestingly, plastic leachates were found to have higher
embryo-toxicity than the virgin and aged materials themselves.
Most commercial brands offer particles that are supposed to
be free of additives or residual monomers; however, most of
the time no technical specifications are available from the
supplier. For instance, a chemical analysis performed on virgin
micro-PS (Polysciences) revealed putative endocrine disruptors
such as bibenzyl and 1(2H)naphthalenone,3,4,dihydro4phenyl
(Sussarellu et al., 2016). Overall, such studies suggest that
commercial microplastics frequently used as model materials
in laboratory experiments may leach unknown chemicals such
as additives or residual toxic monomers. With the aim of
understanding mechanical effects of MP, washing commercial
MP in seawater is relevant to allow the leaching of unwanted
adsorbed toxic compounds before performing exposure
experiments. Alternatively, studies focusing on comparing
additive-free MP vs. MP loaded with known amounts of specific
additives are of interest to ascertain both physical and chemical
toxicities resulting from MP ingestion.

marine organisms: Crustacea (Bergami et al., 2016, 2017; Nasser
and Lynch, 2016) Bivalvia (Balbi et al., 2017) Equinodea (Della
Torre et al., 2014), and Chlorophyceae (Bergami et al., 2017).
This may be due to the interaction between the positive charge
and biological membranes, which generally contain at least a
small fraction of negatively charged lipids among larger numbers
of neutral or zwitterionic ones (Rossi et al., 2014). Aggregation
and charge of NP employed in experiments should be monitored
to avoid confounding effects and misinterpretation.

Chemical Aspects
MP can be associated with many chemical agents such as
hydrophobic organic chemicals (HOC) and additives (Oehlmann
et al., 2009; Teuten et al., 2009). This is of concern as these
contaminants can be noxious for wildlife and cause effects such
as endocrine-disruption (Talsness et al., 2009; Teuten et al., 2009;
Manikkam et al., 2013). In natural environments, sorption of
HOC to plastic waste occurs as a result of their hydrophobic
characteristics and the magnitude of this sorption is chemical
and polymer dependent (Rochman et al., 2013a; Bakir et al.,
2014). Evaluating risks associated with MP as vectors of HOC
has been widely done in laboratory exposure experiments and an
increase in HOC bioaccumulation in organism tissues has often
been reported after exposure to contaminated MP (Teuten et al.,
2007; Besseling et al., 2013; Rochman et al., 2013b; Avio et al.,
2015), although not systematically (Paul-Pont et al., 2016). In
vitro studies demonstrated that MP transfer through the digestive
tract can enhance leaching of HOC due to changes in pH and
temperature (Bakir et al., 2014). However, to our knowledge,
most experimental studies carried out so far did not take into
account (i) the potential bias due to their unrealistically high
MP concentrations, and (ii) the role of other suspended particles
(detritus, colloids, bacteria, phytoplankton, organic matter, food,
etc.) capable of transferring HOC in higher amounts because of
their higher abundance in marine ecosystems compared with MP
(Bakir et al., 2016; Herzke et al., 2016; Koelmans et al., 2016;
Paul-Pont et al., 2016; Besseling et al., 2017). Koelmans et al.
(2016) extensively reviewed this question using field, laboratory
and modeling data and concluded that, given the currently
known low concentration of large MP (>333 µm) in the oceans,
exposure to HOC via plastic is likely to be negligible compared
with other natural pathways. However, a possible shift from
mechanical to chemical toxicity through the release of additives
and HOC according to time of exposure (from 7 up to 28 days),
was recently hypothesized (Pittura et al., 2018). Caution must be
taken however as (i) marine plastic litter is expected to increase
over coming decades and the concentrations above which an
effect can be seen on HOC bioaccumulation could be exceeded
locally; and (ii) little is known regarding the NP and small MP
fraction in the oceans (<10 µm; see section Concentrations),
which could mean that we are currently underestimating MP
concentrations in the oceans. The relative importance of such
NP and small MP fractions in the transfer of HOC might still be
underestimated, especially considering that for the same plastic
mass, the surface available for HOC adsorption is inversely
related to the size of plastic debris pieces (Velzeboer et al.,
2014). Finally, the presence of an ecocorona is also expected
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et al., 2016) and in vivo after passage through the gut of lugworms
(Kesy et al., 2016) and mussels (Kesy et al., 2017). Preliminary
results suggest a minor role of the particle itself and a greater
importance of the presence of primary colonizers influencing
chemotactic attraction to the particle surface. Furthermore, a
laboratory trial attempted to clarify the role of microplastics as
possible vectors of pathogenic vibrios in oysters (Cassone et al.,
2014), but methodological limitations prevented us from drawing
any conclusion as it was impossible to work out the origin of
the detected infection in the oysters, i.e., to distinguish between
the Vibrio aestuarianus attached to the plastic beads and the free
V. aestuarianus bacteria still present in the seawater medium at
low concentrations.
Finally, using mostly secondary microplastics collected
at sea that have undergone physicochemical and biological
modifications related to weathering processes in the environment
may appear at first sight as a nice environmentally relevant
approach. However in such experimental design, it may
be difficult or even impossible to disentangle the potential
observed toxicity as some may be due to partially unknown
molecules or microorganisms at the particle surface (Figure 5).
If experiments are performed using particles not collected from
the environment (i.e., home-made or commercially-available
MP), washing and weathering pristine microplastics in natural
seawater before performing exposure experiments will allow (i)
the modification of MP surface properties including modification
of surface charge, formation of a natural ecocorona and biofilm
colonization; and (ii) the leaching of unwanted adsorbed toxic
compounds in order to get closer to realistic environmental
conditions (Figures 5, 6).

ecocorona layer (Galloway et al., 2017) within the first few hours
(Datta et al., 2016). Yokota et al. (2017) reported that, regardless
of their size, positively charged plastics promote microorganism
adhesion. Recent studies using high-throughput sequencing have
demonstrated that MP-associated microorganism assemblages
(including bacteria, microalgae, protozoans and fungi; no
information for viruses is yet available) are distinct from those
present in the surrounding media or other particulate organic
and inorganic matter (McCormick et al., 2014; Amaral-Zettler
et al., 2015; De Tender et al., 2015). These specific plasticassociated communities were recently termed the “plastisphere”
by Zettler et al. (2013).
Despite an increased research interest in the characterization
of the communities forming biofilms on MP, very little is
known regarding the reciprocal effects of these biofilms on
MP fate (reviewed in Rummel et al., 2017). Although most
experimental studies investigating MP impacts on marine biota
have used manufactured virgin MP without taking into account
the absence/presence of a biofilm on the particles and/or the
formation of hetero-aggregates, a few exceptions included these
aspects (Green, 2016; Martínez-Gómez et al., 2017). A biofilm
can lead to the cohesion of plastic particles with microorganisms
which can be defined as hetero-aggregation. This shortcoming
needs to be carefully addressed, as hetero-aggregate formation
has been shown to influence MP vertical distribution in the
water column (Campos et al., 2013; Long et al., 2015), which will
inevitably modify the availability of MP for pelagic vs. benthic
organisms (Long et al., 2017; Yokota et al., 2017). Modifications
of size, shape and surface properties on biofilm/hetero-aggregate
formation may also affect the ingestion of MP by zooplankton
and filter feeders. For instance, 3-week-aged microbeads were
preferred over pristine ones by females of Acartia longiremis as
well as by juvenile copepodites and adult Calanus finmarchicus
(Vroom et al., 2017). The preference for aged MP was suggested
to be linked to the formation of a biofilm containing similar
microbes to those that copepods feed on in the water column,
secreting chemical exudates that enhance chemo-detection and
particle attractiveness as food items. Also, ingestion of nano-PS
(100 nm) by mussels was increased when they were incorporated
into hetero-aggregates rather than remaining as free particles,
which were probably too small to be efficiently retained by
the gills (Ward and Kach, 2009). Conversely, large heteroaggregates may not be efficiently ingested, possibly explaining the
accumulation of MP on the deep-sea floor in the absence of major
grazing processes (Van Cauwenberghe et al., 2013). In addition,
biofilm formation can (i) alter the diffusion of HOC from or
into the particles as previously shown for passive samplers,
usually made of PE, and glass beads (Wicke et al., 2008; Harman
et al., 2009), and (ii) facilitate the metabolism of HOC leading
to the degradation of bio-degradable contaminants including
PAH, heavy metals, and pharmaceutical compounds and/or the
production of metabolites of greater toxicity (Sowada et al., 2017;
Tiwari et al., 2017). Therefore, this aspect should be taken into
account in laboratory studies focusing on the role of MP in the
transfer of contaminants into marine organisms/ecosystems.
Finally, a few recent studies investigated the role of MP
microbial assemblages as vectors for pathogens in vitro (Foulon
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ACHIEVING REPRODUCIBLE AND
ENVIRONMENTALLY RELEVANT
EXPOSURE OF MARINE ORGANISMS
Phytoplankton
Only a few studies have explored the interactions of MP
and NP with phytoplankton and related biological impacts
(Bhattacharya et al., 2010; Davarpanah and Guilhermino, 2015;
Lagarde et al., 2016; Sjollema et al., 2016; Long et al., 2017;
Zhang, C. et al., 2017). Most of these studies were limited to
experimental approaches and monospecific cultures. Although
the tested concentrations of MP were high, ranging from 4 mg to
2 g L−1 , overall effects on growth and physiological parameters
were low or absent. Significant impact on growth rate was
reported for the marine flagellate Dunaliella tertiolecta exposed
to 250 mg L−1 of 50 µm micro-PS (Sjollema et al., 2016).
Exposure to micro-PVC (average 1 µm) at a concentration of
50 mg L−1 led to a significant reduction of Skeletonema costatum
growth and photosynthetic activity (Zhang, C. et al., 2017).
These pioneering studies produced some conflicting results and
do not allow us to confidently exclude that environmental
concentrations of MP/NP could negatively affect freshwater
and marine phytoplankton in aquatic environments. While
the ecological relevance of laboratory experiments is arguable
because they are far from reflecting the complexity of the marine
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FIGURE 5 | Ways of performing laboratory exposures.

FIGURE 6 | Scanning electron microscopy observations of 5-µm PMMA beads in pristine condition (A) and showing signs of erosion, presence of an organic corona
and attached bacteria (B).

microalgae (Lagarde et al., 2016; Long et al., 2017). For instance,
hetero-aggregation of 2-µm PS with microalgal cells appeared
more frequently with diatoms than with Prymnesiophycea or
dinoflagellates (Long et al., 2017). This study also revealed that
formation of hetero-aggregates is favored during the stationary
phase of microalgal culture, probably in relation to an increase
in cell stickiness, exopolysaccharide (EPS) production, and/or
bacterial aggregates that changed with the age of the culture
(Long et al., 2017). However, as in most of the studies cited above,

environment, they may still contribute to exploring the effect of
MP/NP pollution on phytoplankton. However, biases, artifacts,
and experimental flaws need to be borne in mind.
Prior to considering the effects of MP/NP on phytoplankton
per se, it is of primary importance to first assess how
MP/NP and phytoplankton/microalgae interact with each other.
Indeed, MP/NP and microalgae interactions depend on particle
physico-chemical characteristics (including size, shape, and
charge) and on the species and physiological status of the
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value of 0.026 ± 0.05 for copepods (Desforges et al., 2014) to
1.23 ± 0.99 particles ind−1 for shrimps (Devriese et al., 2015).
One practical consequence of these observations is the fact
that bioassays for studying MP impacts on both zooplankton
and fish could be implemented according to taxonomic group,
species developmental stage and trophic level. Mode of feeding
is an additional factor to take into account when considering
exposure experiments with fish and jellyfish (e.g., ctenophores
and cnidarians). The buoyant or non-buoyant nature of the
targeted MP will also strongly dictate the species chosen to assess
the effects of MP and the mode of exposure (bathing vs. trophic
pathway).
Bathing is certainly the most prevalent exposition mode
used in MP bioassays, probably because it is technically the
easiest to implement even though the equal probability of
encounter must be verified for each exposed organism by
using a dedicated homogenization system (e.g., water current
in a kreisel-like incubator or rotation of incubated bottles)
and particle counting (using flow cytometry for instance)
throughout the entire tanks to ensure homogeneous distribution.
Bathing makes it possible to study a broad range of external
and/or internal MP effects on zooplankton, fish, and shellfish
(Wright et al., 2013b) by both contact (particularly via particle
adherence to the carapace/skin/ectoderm, feeding and swimming
appendages/tentacles, and gills) and ingestion and its potential
effects (e.g., clogging or accumulation in the digestive tract;
Bergami et al., 2016). In such assays, it is logical to use either
buoyant MP, which are tested free in presence of live prey
(microalgae, Artemia, copepods) or feed pellets. In zooplankton
studies, ingestion rates are often derived from gut content (i.e.,
a snapshot of the number of particles eaten at a given time) or
from analysis of microplastic-laden fecal pellets. Karakolis et al.
(2018) recently highlighted a number of biases linked to gut
content and fecal pellet analyses of MP, encouraging the use of
digestible coatings (protein/fluorophore) for accurate estimation
of MP intake. Biased estimates of MP intake can originate
from MP that pass through the digestive tract without being
emitted as fecal pellets, or that undergo digestive fragmentation
as NP (Dawson et al., 2018); the same holds for MP that adhere
to organisms or fecal pellets and that could be erroneously
taken into account though not ingested. Finally, operatordependent errors in counts and measures can strongly limit
experimental efficacy. MP coating is an innovative method
that needs to be investigated in future experiments, regarding
possible combination of coating/fluorophore, types of plastics
and experimental conditions.
While most zooplankton are too small to develop true
vision (i.e., the capability to form an image) and rely
on chemosensing/mechanosensing to detect prey, predatory
organisms like fish could confuse suspended MP with potential
food/prey, although particle color should be considered since it
may modulate the capacity of predator fish to discriminate them
from food or preys (Carlos de Sá et al., 2015).
To specifically study the effects of MP ingestion by fish,
trophic transfer experiments should be implemented either with
artificial feeds or live food. Live fish preys containing MP could be
obtained with several mesozooplanktonic organisms (>200 µm)

absence of EPS measurement is a major flaw when considering
the influence of the ecocorona on MP and NP behavior (see
section Modification of Surface Properties).
The other forgotten player in phytoplankton–MP/NP
interactions is the bacterial community associated with
microalgal culture (such cultures are rarely, if ever, axenic),
which varies in concentration and species assemblage according
to microalga species, origin, culture condition and age. It is of
high interest (as for all kinds of experiments using phytoplankton
culture) to quantify bacterial concentration and describe their
general characteristics using microscopy and cytometry tools.
If some significant influence of the bacterial community is
suspected, additional characterization by molecular tools should
be considered.
Also, as for any experimental exposure of organisms to
MP/NP, it is paramount to quantify the bioavailability and
distribution of MP in the experimental systems. MP distribution
in different media (e.g., suspended, floating, adsorbed to
experimental containers, trapped in organic aggregates, or
adsorbed on microalgae or bacteria) must be assessed for
each species and experiment to obtain accurate values of the
actual MP concentration to which the microalgae are exposed.
Long et al. (2017) clearly showed that micro-PS may attach
to glassware, form homo-aggregates and hetero-aggregates with
phytoplankton cells, residual organic matter, and/or bacterial
exudates. Unfortunately, these control measurements, which are
tedious and time consuming, need to be performed for every
MP/NP tested as their distribution and behavior is expected to
change according to polymer nature, size, shape, charge, biofilm
and additive content.

Zooplankton, Fish, and Shellfish
There is abundant recent literature examining the presence of MP
in different organisms including zooplankton, fish, and shellfish
species in different natural marine environments (e.g., Desforges
et al., 2014; De Witte et al., 2014; Van Cauwenberghe and Janssen,
2014; Devriese et al., 2015; Rummel et al., 2016; Wesch et al.,
2016; Güven et al., 2017; reviewed in Phuong et al., 2016).
These surveys clearly revealed a high variability of MP ingestion
regardless of the trophic level of the fish or shellfish species
concerned; they also tended to indicate a higher frequency of
contamination in pelagic feeders and suspension/filter feeders
than in other groups. Ingestion rates measured on natural
zooplankton communities revealed that 83% of Brown shrimps
assessed (Nephrops sp.) in the north Clyde Sea (Murray and
Cowie, 2011), 63% of shrimps (Crangon crangon) in the UK and
3% of the copepod Neocalanus cristatus and 6% of the euphausids
Euphasia pacifica in the northeast Pacific consumed plastic
debris, most of which were fragments or fibers (Desforges et al.,
2014; Devriese et al., 2015). Studies on fish reported between 2
and 40% of individuals to be contaminated, with a mean number
of particles from 1 to 7.2 per individual (Boerger et al., 2010;
Foekema et al., 2013; Lusher et al., 2013). For mollusks, especially
mussels, this MP load varied from 0.2 to 0.5 plastic particles per
gram of tissue (De Witte et al., 2014; Van Cauwenberghe and
Janssen, 2014) while for zooplankton contamination generally
increased with the size of the organisms and ranged from mean
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depending on targeted fish species or stages. Setälä et al. (2014)
described a simple procedure incubating MP with live preys in
bottles placed on a plankton wheel (1 rpm). Importantly, the
incubation time that allows the maximal incorporation of MP
into the live preys needs to be determined for each species-preyplastic combination tested by scoring the number of ingested
MP by microscopic observation. MP-contaminated live preys
could then be given to fish larvae or adults according to their
usual feeding protocol. MP could be incorporated into aquafeed
pellets, by manual insertion under the microscope as described
by Grigorakis et al. (2017) in goldfish, in order to ensure that
fish would ingest a precise amount of MP. Such a strategy is
very useful for learning about gut retention specificities according
to plastic types and shapes. However, it may not be applicable
to long-term experiments as the preparation procedure of
such aquafeed is time-consuming and may not be realistically
manageable. An easier strategy is to incorporate MP at known
ratio within aquafeed pellets by aqueous mixing with feed pellets
or ingredients (Mazurais et al., 2015; Pedà et al., 2016); then, after
gentle air-drying, the feeds can be easily sieved to obtain a precise
size range depending on the fish species studied.
For filter/suspension feeders, the way in which MP-NP may
interact with phytoplankton is expected to have consequences
for MP-NP trophic transfer. MP are likely to form heteroaggregates when incubated in natural seawater and could possibly
modify ingestion by filter/suspension feeders in both natural
environment and experimental conditions (Long et al., 2015;
Vroom et al., 2017; section Biofouling and Hetero-Aggregation).
Therefore, integrating trophic pathway is of great interest to
assess particle ingestion and toxicity in laboratory exposures
handling filter/suspension feeders. Green (2016) reduced the
buoyancy of neutral MP (high density polyethylene and
polylactic acid) by mixing them with cultures of Isochrysis
galbana 3 days prior to exposure in order to make them
bioavailable to the flat oyster Ostrea edulis. Although such studies
remain scarce, they highlight the role of phytoplankton as a
potential vector for MP-NP trophic transfer in marine food webs
via a more realistic expected scenario.
The post-ingestion process generally ends with microplasticladen fecal pellets exhibiting reduced sinking rates compared to
those derived from a natural food diet, particularly when loaded
with PS particles (e.g., Cole et al., 2016). Regarding zooplankton
grazers, particularly copepods, coprophagy of MP, i.e., ingestion
of entire fecal pellets loaded with MP can lead to a second MP
recycling that could induce additional impacts on organisms.
Both coprorexhy (fecal pellet fragmentation into smaller pieces)
and coprochaly (disruption of the fecal pellet peritrophic
membrane) will cause a partial dispersal of the fecal pellet content
and particularly in the release of MP into the incubation medium.
While working with acknowledged coprophagous/coprochalous
copepod species (e.g., Calanus helgolandicus, Oithona similis,
Acartia tonsa, and Temora longicornis), incubation should
be shortened to avoid fecal pellet production and secondary
exposure to MP. Otherwise, primary or secondary (i.e., via fecal
pellets) ingestion of MP and their impacts will remain difficult
to distinguish. In any case, for exposure experiments using
either large (fish, shellfish or jellyfish) or small (zooplankton
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or shellfish larval stages) water volumes, collection of noningested food and feces on a 1-µm filter is absolutely essential
for all experimental MP exposures in order to prevent any
dissemination of microbeads in waste water effluents (Mazurais
et al., 2015; Paul-Pont et al., 2016; Sussarellu et al., 2016).
Peer reviewers must request an explanation of the treatment
procedures used for experimental water effluents. For NP, it is still
technically difficult to prevent particle escape with experimental
outflow, making it impossible to carry out experiments with
running seawater and therefore producing a large water volume
to treat. Until the necessary technology to prevent accidental
release becomes available, NP exposures should be restricted to
small water volumes that can be treated (burned) by specialized
companies.

EVIDENCE AND UNCERTAINTIES ON THE
TRANSLOCATION OF MICROPLASTICS IN
MARINE ORGANISMS
Although it has often been reported that spherical MP particles
are rapidly egested (e.g., Mazurais et al., 2015; Cole et al.,
2016), the possibility that small microspheres or microparticles
of irregular shape could be transferred into tissues of marine
organisms other than the digestive tract and then through
the food web to humans (Wright et al., 2013b; Setälä et al.,
2014; Grigorakis et al., 2017) raises some concerns. When
organisms are exposed to micro- or nanoparticles, some of
these could pass through the epithelia and enter the circulatory
system and sometimes the tissues. This phenomenon is called
“translocation.” Two entry routes are possible for aquatic
organisms: (i) by passive diffusion through the epithelia in direct
contact with the external environment (skin, gills or mantle)
during water filtration or respiration processes; and/or (ii) by
transfer through the digestive epithelium after ingestion. Once
epithelial barriers have been passed, particles may be distributed
to other tissues via the circulatory system, and potentially
pass through cell membranes, including the nuclear membrane.
Translocation efficiency primarily depends on particle size, but
also on shape, nature, charge, concentration, and the organism
concerned (Gratton et al., 2008; Lunov et al., 2011; Bannunah
et al., 2014). In recent years, several studies have focused on
or discussed the translocation of plastic microparticles within
marine organisms (Supplementary file 1), and this remains a
topical issue. Observation of translocation is very challenging,
and the route of MP entry is not yet identified. There are key
points that need to be taken into consideration in studies aiming
to demonstrate translocation in marine organisms. Below, we
show by means of examples the strengths and weaknesses of the
different techniques used to date in both experimental and field
studies to accurately assess translocation.

Strengths and Weaknesses of Protocols
Designed to Study Translocation
The main techniques used up to now to study translocation
have been microscopy to visualize MP within tissues and flow
cytometry for circulating fluids. Upon exposure of bivalves to
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(Hamilton, 2011; Herrmann and Turner, 2016). This would
provide proof of translocation and information on the underlying
mechanisms. Histology also appears to be one of the most
suitable techniques, provided that there are appropriate controls.
The collection of samples must be done very carefully, following
strict rules to prevent contamination. Among these, the flesh
should be rinsed before dissection, as in Browne et al. (2008),
to limit the risk of contamination by MP located outside the
tissues. A control comprising tissues of unexposed individuals
should also be systematically included for epifluorescence
microscopy to take into account tissue and/or non-plastic particle
autofluorescence. Finally, cryohistology should be used rather
than classic histology as solvents and paraffin embedment may
impair MP integrity within tissues and their Raman signal when
using a micro-Raman on histological slides.

microplastics, it is likely that MP can enter the pallial cavity
and adhere to the mantle or gills and possibly embedded in
mucus; This possibility is one of the conclusion of Kolandhasamy
et al. (2018) working on experimental exposure of mussels to
0.05-5 mm MP: “adherence rather than ingestion led to the
accumulation of microplastics in those organs (foot, mantle)
which are not involved in ingestion.” Considering that bivalve
hemolymph is sampled by suction, with a depression effect in
the adductor muscle through the pallial cavity and the body,
the possibility of hemolymph contamination during sampling
could not be eliminated. Furthermore, translocation could not
be demonstrated by histological analysis on transversal sections
of eight oysters after 2, 5 or 8 weeks of exposure, demonstrating
that “micro-PS particles were only detected in the stomach and
intestine” (Sussarellu et al., 2016). Based on these observations,
it seems important to improve protocols aiming to demonstrate
translocation of plastic particles in marine organisms.
One of the first and the most frequently cited publications
addressing translocation in marine invertebrates is Browne et al.
(2008). These authors used the same hemolymph sampling
method as described above, being particularly careful to avoid
contamination as “shell water was drained from each mussel
prior to hemolymph extraction.” Nevertheless, the possibility of
contamination during sampling cannot be totally eliminated by
flow cytometry analysis alone and histological evidence of the
presence of microplastics in the non-digestive tissues would
help to exclude artefactual contamination. This is why histology
and fluorescent microscopy are among the most frequently
used techniques in studies on translocation (Supplementary file
1), although strict experimental and analytical protocols must
again be used. Darmody et al. (2015) used epifluorescence
microscopy to follow the fate of fluorescent styrene-maleic
acid (SMA) microbeads (1–2 µm in size) encapsulated in
alginate upon ingestion by oysters (Ostrea edulis). However,
the microscope features (emission and excitation filters) were
not compatible with one of the fluorescent probes used, and
no histological sections of control oysters were reported, even
though autofluorescence of bivalve tissue is a well-known
phenomenon (Heaney et al., 2011). When exposed to 0.05 µm
beads, the copepod Paraoithona nana exhibited “fluorescence
dispersed throughout the body”, which differed from specimens
exposed to 0.5 and 6 µm beads, where fluorescence was “mostly
limited to the digestive organs.” Jeong et al. (2017) stated that
this fluorescence pattern “could be explained by translocation of
polystyrene microbeads across the cellular membranes through the
digestive organs of P. nana.” although this could not be clearly
verified. Reporting the presence of MP inside specific organs,
such as the liver as in Collard et al. (2017), should also be avoided
when the same study also makes a statement such as the following
“it was unfortunately not possible to precisely localize MPs in the
liver because of the conservation and the cryosections preparation
which altered the tissue structure.”
Conclusive dedicated techniques would be an asset to reveal
translocation phenomena. For instance, an in vitro approach
applying Ussing chambers should be considered to accurately
show transepithelial transport of MP/NP and potential associated
effects on passive or active flux across the enterocyte membranes
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How Does Particle Size Influence
Translocation?
Various sizes of microplastic particles (from 0.5 to 280 µm,
Supplementary file 1) have been tested in translocation
experiments on multiple marine models. The routes of entry
differ according to size and thus between MP and NP. The
probability of translocation is considered much higher for NP
than for MP. Nanoparticles can enter any tissue by endocytosis,
phagocytosis (for aggregates) or passive membrane movement
(Gustafson et al., 2015). Silver nanoparticles (5–20 mm) detected
using transmission electron microscopy (TEM) and electrondispersive x-ray analysis (EDS), translocated into brain, heart,
yolk, and blood of Zebrafish embryos exposed for 72 h to 5–
100 µg mL−1 , mainly by endocytosis (Asharani et al., 2008). For
plastics, translocation has been shown in fish for nanoparticles
of polystyrene (39.4, 53, 180 nm) (Kashiwada, 2006; Mattsson
et al., 2017; Supplementary file 1). Regarding MP, Lusher et al.
indicate that “Microplastics larger than this (0.5 mm) do not
readily pass through the gut wall without pre-existing damage, and
the likelihood of translocation into tissues is too low to warrant
regular investigation” (Lusher et al., 2017).
It is likely that MP < 10 µm are compatible with passage
through an epithelium since, for example, bivalve hemocytes
(about 5 µm) are known to cross the digestive epithelia
(Haberkorn et al., 2010; Rolton et al., 2016) using membrane
surface recognition elements. Plastic particles would not be
recognized by biological systems and their passage would
therefore probably be passive or use non-selective transporters
and depend on the presence and nature of their eco- or biocorona
(Galloway et al., 2017). Such coating mechanisms involving
proteins and biomolecules was previously suggested to occur at
the surface of nanomaterials in biological fluids, thus influencing
their interaction with cells and tissues (Monopoli et al., 2012).
The most detailed studies performed are those on mammals,
for which the uptake of diverse types of inert microparticles
mainly occurs in the digestive track through normal enterocytes
and specific M-cells of Peyer’s patches (Pappo and Ermak, 1989;
Hussain et al., 2001). To the best of our knowledge, however,
such structures have not yet been found in fish, shellfish or
zooplankton.
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FIGURE 7 | Main challenges in microplastic ecotoxicology requiring multidisciplinary approaches including physics, chemistry and biology.

IS THERE AN IDEAL WAY TO
EXPERIMENTALLY STUDY THE EFFECTS
OF MP ON MARINE ORGANISMS?

Future challenges will be to characterize entry mechanisms of
MP/NP at the cellular and molecular levels, the largest size of
particles able to translocate, and possible effects of form, shape,
corona and biofouling. More specifically, three set of actions
are required: (i) designing protocols specifically dedicated to
translocation studies and preventing contamination; (ii) studying
the detailed mechanisms of MP/NP entry through the different
epithelia using suitable or innovative approaches and methods
(Ussing chambers; electron microscopy; MP radiotracing using
isotope-coating technology; Oberhänsli et al., 2017); and (iii)
quantifying this phenomenon. Afterwards, to estimate the
specific physiological consequences of translocation, it is crucial
to assess whether the translocation is “limited” to the circulatory
system, whether and how MP/NP interact with biological
membranes, and if they can penetrate into cells within which
interactions are possible (mitochondria, DNA) inducing stress
responses such as ROS production and/or apoptosis.
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Ecotoxicology is defined as “the study of harmful effects of
chemicals upon ecosystems, which includes effects on individuals
and consequent effects at the levels of population and above”
(Walker et al., 2012). One of its first aims is to inform the
public (scientists, policy makers, and citizens) on the potential
hazards associated with a given contaminant, and how best to
protect our environment. As regulatory decisions regarding a
given contaminant rely partly on data from the ecotoxicology
literature, it is our responsibility to provide high quality data.
Recently, a set of recommendations were proposed to design,
conduct, analyze and report ecotoxicological studies in the
most detailed and transparent manner possible in order to
improve their relevance, reproducibility and value (Hanson
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laboratory experiments. They can usefully be associated with lifetrait endpoints to understand the overall response of organisms,
as mentioned for other areas of ecotoxicology (Garcia-Reyero
and Perkins, 2011; Jager et al., 2013). Genomic-based endpoints
may be more powerful for detecting effects and the presence of
stressors such as endocrine disruptors, which are often present
below the detection or quantification limits of chemical analysis
methods commonly used (GC-MS/MS). Compared to chemical
quantification approaches, bioassays are advantageous as they
can respond to undetectable trace contaminants and integrate the
biological effects of all compounds present, taking into account
factors such as bioavailability, synergism, or antagonism. Bioassays coupled with bio-marker analyses are sometimes more
powerful than chemical quantification methods for assessing
estrogenicity (Kiyama and Wada-Kiyama, 2015). Finally, bioenergetic modeling such as the Dynamic Energy Budget (DEB)
theory (Kooijman, 2010) offers a way to describe how an
organism acquires and uses energy for physiological functions,
maintenance, growth, maturation and migration, in addition to
how physiological performance is influenced by environmental
variables (Nisbet et al., 2012). The strength of modeling is to help
the design of experimental procedures, testing initial hypotheses
or, on the contrary, providing explanatory hypotheses to the
observed data (e.g., Sussarellu et al., 2016).

et al., 2017; Tincani et al., 2017). These baseline expectations
can be fully applied to microplastic studies and concern (i)
the characterization of the contaminant and actual exposure in
experimental conditions/units, (ii) the experimental design and
conditions (replication, randomization), (iii) the characteristics
and relevance of test organisms, (iv) the adequate interpretation
of the endpoints, (v) the quality of data reporting, (vi) the
robustness of statistical analyses, and (vii) the availability of the
raw data. Given the variety of microplastic types and mixtures
in marine environments, special considerations must be made to
properly assess the complexity of MP/NP in natural ecosystems
(as detailed in sections Which Particles Should Be Used in
Laboratory Experiments? and Weathering Implications), and to
choose the most relevant MP and exposure route according
to the species habitat and mode of nutrition (as detailed in
section Achieving Reproducible and Environmentally Relevant
Exposure of Marine Organisms). Another step forward would be
the integration of the complex interactions occurring between
species in a given ecosystem and how this may influence MP
exposure, availability and toxicity, including ingestion, fate in
organisms and effects. As field evidence of contaminant-specific
adverse effects is almost always impossible to obtain in marine
science due to the large open-scale characteristics of marine
ecosystems, high variation of physicochemical properties of
seawater and co-occurrence of contaminants in impacted areas;
mesocosm studies may offer a solution. Indeed, as mesocosms
combine the control possible in laboratory experiments with
some of the complexity of natural ecosystems, they are
a relevant research direction for this field (Sagarin et al.,
2016). Long-term exposures in small mesocosms with several
sizes of MP (PLA: 0.6–363 µm; HDPE: 0.48–316 µm) showed
the destabilization of ecosystem equilibrium, modification of
respiration/filtration rates of bivalves, species richness, and
offspring recruitment (Green, 2016; Green et al., 2016). However,
while mesocosms approach the complexity of environmental
scenarios, the understanding of observed effects occurring at
different ecological integration levels (molecule, cell, organ,
organism, community) calls for multidisciplinary approaches
combining ecophysiology, cellular aspects, -omics, and modeling.
“Integrative Biology” concerns levels of integration of
life into its environment and integrates the functional and
comparative analysis of genomes. It largely originates from the
rapid development of new technologies, from genomics and
genome sequencing to functional analysis for gene, protein
and metabolite networks (e.g., transcriptomics, proteomics,
and metabolomics). Based on molecular biology or genomics
methods, physiology has gained in precision and has also
considerably increased its ability to comprehensively capture
functional assemblages for both individual and communities
levels and the finest anatomical and cellular elements including
when these are disrupted by natural and anthropogenic factors.
Since MP and NP may have a wide range of effects on marine
organisms depending on their type, shape, size, and the nature
of additives, pollutants, and microorganisms they carry, these
high-throughput techniques seem particularly well suited to
studying the physiological processes and metabolic pathways
impaired by complex MP/NP contaminations in mesocosms and
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CONCLUSION
Many challenges remain to be overcome to adequately address
concerns about MP/NP toxicity to marine organisms and
ecosystems so as to provide stakeholders with the necessary
data to limit the impact of the microplastic legacy. Laboratory
exposure experiments must be carefully designed to cover the
wide range of MP/NP contaminations in marine environments,
and multidisciplinary approaches involving physics, chemistry
and biology appear more than ever essential in this field of
research (Figure 7). Because it is not possible to reasonably
address all aspects of MP/NP forms, concentrations, mixtures
and chemical and biological characteristics at once in each
experiment, the scientific question and objectives behind each set
of experiments must be clearly defined in order to adequately
prioritize the features of MP/NP that potentially account for
confounding effects on the endpoints of exposure evaluations.
Even if realistic experiments considering ecosystem scenarios
are called for decision support, fundamental studies unraveling
origin(s) of MP/NP toxicity remain unavoidable as a large body
of basic information is missing. A single study cannot be expected
to provide all the answers and effectively capture the synergies
and antagonisms of contaminants in marine ecosystems. It will be
desirable to compile evidences from multiple sources; the more
rigorous studies are, the more relevant a meta-analysis will be to
quantitatively assess risks of MP/NP in environments.
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