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Executive summary 

The ICES Working Group on Biodiversity Science (WGBIODIV), chaired by W. Nikolaus 
Probst, Germany, and Oscar Boss, the Netherlands, has held three annual meetings in 
2016–2018.  

WGBIODIV worked on theoretical concepts of diversity indicators along several lines. 
The quantification of changes in biodiversity is often considered central to the assess-
ments of human impacts on marine ecosystems, but this quantification has been proven 
as an exceptionally difficult task. WGBIODIV developed a generic protocol on how indi-
cators need to be underpinned conceptually to provide indicators of biodiversity with 
meaningful assessment targets. WGBIODIV also analysed the impacts of sampling de-
sign on estimates of species diversity. And finally, WGBIODIV developed a trait-based 
sensitivity indicator for benthic community in response to bottom trawling.  

The generic protocol on indicator development identified seven steps that should be con-
sidered when developing indicators for environmental status assessments. Especially the 
development of a theoretical indicator framework is crucial, because it helps to develop 
meaningful assessment benchmarks. At the moment, many status indicators used for 
environmental status assessments by the regional seas conventions are missing this 
framework or using a non-quantitative theoretical background, which impairs the defini-
tion of quantitative assessment targets.  

The influence of sampling design on estimates of diversity metrics was analysed in four 
different case studies: (i) comparing different methods for calculating species accumula-
tion curves, (ii) analysing the influence of sampling size on North Sea fish species, (iii) 
analysing the impact of spatial resolution on plankton indicators and (iv) analysing the 
relationship between sampling effort and species number in soft bottom benthos. These 
case studies show that patterns of diversity strongly depend on the sampling scheme, 
which therefore requires careful consideration to provide the adequate data to feed into 
assessments.  

WGBIODIV used traits-based data on benthic invertebrate communities to develop a 
community physical disturbance indicator. This indicator combines functional character-
istics of benthic species, including their sensitivity to physical perturbations (i.e. their 
response through injury or death) and their recoverability (i.e. the self-sustainability of a 
population when damaged and/or its recolonization potential following mass mortality). 
The behaviour and performance of the indicator was examined using two independent 
case studies from the Dutch EEZ and the Bay of Biscay. Future investigations of 
WGBIODIV will focus on comparison of the distribution of indicator values between 
different geographical areas and, for some locations, over time. We will use the indicator 
to test hypotheses on the relationship between trawl effects and function of benthic 
communities. 
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1 Administrative details 

Working Group name 

Working Group on Biodiversity Science (WGBIODIV) 

Year of Appointment within current cycle 

2016 

Reporting year within current cycle (1, 2 or 3) 

3 

Chair(s) 

W. Nikolaus Probst, Germany 

Oscar Bos, the Netherlands 

Meeting dates and venues 

8–12 February 2016, San Sebastian, Spain (15 participants) 

6–10 February 2017, Venice, Italy (19 participants) 

11–12 February 2018, Copenhagen, Denmark (12 participants) 

 

2 Terms of Reference 

ToR Description 
 

Background 
 

Science 
Plan 
priorities 
addressed 

Duration Expected 
Deliverables 

a Develop the use of biodiversity metrics (e.g. 
species richness and species evenness indi-
ces) to inform on the status of ecosystem 
components at the community level (fish, 
mammals, seabirds, plankton, epi-benthos, 
macro-algae) to support implementation of 
ecosystem-based management. This task  
encompasses:  

1a. Establish a sound theoretical basis relat-
ing variation in biodiversity metric values 
to changes in anthropogenic pressure on 
marine communities (e.g. incorporating 
components of community size and trophic 
structure into the derivation of biodiversity 
metrics, taking account of linkage to habitat 
types and consideration of spatial pattern). 

Update: ToR1a may require further work 
beyond next years’ meeting and may extend 
into in the next term (2018–2020), as the 

Initiatives to revise the EC 
Decision of 2010 suggest that 
metrics for the ecosystem level 
of biodiversity may simply not 
be possible given the current 
level of scientific knowledge. 
Instead metrics at community 
level may be achievable, and 
indeed community level met-
rics represent the logical pro-
gression from species level 
and habitat level in that com-
munities represent the collec-
tion of species that occupy a 
habitat. In applying criteria to 
assess the performance of dif-
ferent community-level met-
rics, metrics of species 
diversity have routinely per-
formed below par. A major 

1, 5, 9, 11, 
12, 
13,16,18,   

3 years  1. Protocol on the 
development of 
theoretical con-
cepts of biodiver-
sity indicators 
(2016/2017). 

2. Combined 
analysis and re-
view on impacts 
of sampling size 
on performance 
of biodiversity 
metrics (2016–
2018).   

3. Analysis on 
aggregating bio-
diversity indica-
tors at different 
levels (species 
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development of indicator concepts is time 
consuming. 

1b. Explore the issue of sampling size de-
pendence to derive a robust protocol for 
calculating biodiversity metrics so that their 
sensitivity to underlying drivers is maxim-
ized, and the ‘noise’ associated with sam-
pling effects is minimized (e.g. procedures 
for sample aggregation, modeling of indi-
vidual species distribution to derive point-
diversity estimates). 

1c. Assess the “ecosystem level” assessment 
of biodiversity by considering how com-
munity-level biodiversity metrics might be 
aggregated across communities (e.g. inte-
grated ecosystem assessments of biodiversi-
ty). 

Update: ToR1c may not be addressed dur-
ing the 2016–2018 term as the development 
of trait-based indicators will not be com-
pleted until 2018. 

1d. Apply the WGBIODIV quality criteria to 
assess the performance of state indicators to 
assess the performance of any biodiversity 
indicators proposed and developed by 
WGBIODIV to show whether previous 
weaknesses in such metrics have been ad-
dressed. 

Update: ToR1d may have to be addressed in 
the next term (2018–2020) as the develop-
ment of the new WGBIODIV biodiversity 
indicators may not by finalised in 2018. 

shortcoming in their perfor-
mance has been the lack of a 
sound and well understood 
theoretical basis to explain the 
relationship between pressure 
and state. Without this under-
standing, it has always been 
assumed that it would be dif-
ficult to formulate sound reli-
able scientific advice to 
support management based on 
observed variation in species 
diversity indicators. Conse-
quently the community level 
indicators that have been used 
to support EAM initiatives, 
such as the OSPAR EcoQO 
pilot study and currently to 
fulfil the indicator 1.7.1 role 
for the MSFD focus on size 
based indicators such as the 
large fish indicator. Given the 
species diversity indicators 
would appears to be the most 
obvious candidates for metrics 
to fulfil the community-level 
indicator role in D1, the 
maintenance of biological di-
versity, the time is clearly ripe 
for the theoretical shortcom-
ings in these indicators to be 
addressed so that they can be 
used to monitor change in 
biodiversity within marine 
communities.   

group, communi-
ty, ecosystem) 
(2017/2018). 

4. Quality as-
sessment of in-
vestigated 
biodiversity indi-
cators according 
to WGBIODIV 
criteria (2018).  

5. One or more 
operational indi-
cators to assess 
biodiversity at 
the community 
and eventually 
the ecosystem 
level (2018). 

 

3 Summary of Work plan 

Year 1 Develop theoretical background for several indicators of diversity; establish 
protocol on indicator development 

Year 2 Calculate biodiverstiy metrics using reference data, provide overview and 
comparision of outcomes 

Year 3 Evaluate biodiversity indicators according to WGBIODIV indicator quality 
criteria 

 

4 Summary of Achievements of the WG during 3-year term 

In 2015, WGBIODIV chaired a theme session at the ICES Annual Science Conference on 
measuring and assessing biodiversity. The theme session hosted 18 oral presentations 
and three posters.  
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Members of WGBIODIV published two papers during the 2016–2018 reporting cycle: 

• Probst, W. N., Lynam, C. P. 2016. Aggregated assessment results depend on ag-
gregation method and framework structure - a case study within the European 
Marine Strategy Framework Directive. Ecological Indicators, 61: 871–881. 

• Rambo, H., Stelzenmueller, V., Greenstreet, S.P.R., Moellmann, C. 2017. Mapping 
fish community biodiversity for European marine policy requirements. ICES 
Journal of Marine Sciences, 74: 2223–2238. 

Deliverable 3 could not be achieved as only one indicator on benthic communities be-
came developed. The aggregation of indicators of different ecosystem components was 
thus not possible. To date it remains open when and how WGBIODIV will be able to 
address this deliverable. 

Deliverable 4 could not be achieved, as none of the envisioned indicators could be devel-
oped so far as to make it operational. Thus, an evaluation according to the WGBIODIV 
indicator quality criteria was not possible, but may be achievable in the next three-year 
working cycle.  

5 Final report on ToRs, workplan and Science Implementation Plan 

5.1 Protocol on the development of theoretical concepts for biodiversity 
indicators (ToR1a, Deliverable 1) 

Deliverable 1: Protocol on the development of theoretical concepts of biodiversity indicators 
(2016/2017) 

5.1.1 Introduction 

The lack of fully comprehended pressure-state relationships based on classical biodiversi-
ty metrics led WGBIODIV to devise ToR1a: “Establish a sound theoretical basis relating 
variation in biodiversity metric values to changes in anthropogenic pressure on marine 
communities (e.g. incorporating components of community size and trophic structure 
into the derivation of biodiversity metrics, taking account of linkage to habitat types and 
consideration of spatial pattern).” 

During the three-year working period from 2016 to 2018 several theoretical concepts for 
functional biodiversity indicators were introduced and explored (see Chapter 5.3). This 
chapter ‘Protocol on the development of theoretical concepts of biodiversity indicators 
(2016/2017)’ aims to distil generic principles for developing theory-based biodiversity 
indicators. 

The focus of this protocol will be on the development of community indicators, as single-
species indicators may require less theoretical understanding as they are in many cases 
linked more directly to human pressures. However, most parts of this protocol should be 
generically applicable to single-species indicators alike.  

The steps are: 

Step 1: Identify relevant features 

Step 2: Develop theoretical underpinning  
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Step 3: Develop the indicator  

Step 4: Establish pressure-state relationship(s) (for operational indicator)  

Step 5: Obtain “adequate status” targets (for operational indicators) 

Step 6: Perform indicator evaluation  

Step 7: Apply indicator concept to field data 

5.1.2 Background 

Ecological indicators are essential in ecosystem assessments 

The increasing awareness of broad scale impacts of human activities on the marine envi-
ronment instigated the implementation of ecosystem based approaches to marine man-
agement, either within single management sectors (Link, 2010; Belgrano and Fowler, 
2011; Hilborn, 2011; Link and Browman, 2014) or across the full range of managed hu-
man activities (Arkema et al., 2006; Leslie and McLeod, 2007; ICES, 2015). The implemen-
tation of ecosystem based management approaches is commonly associated with either 
integrating multiple single elements (Ojaveer and Eero, 2011; Probst and Lynam, 2016) or 
full integrated ecosystem-level assessments (IEA); (Toth and Hizsnyik, 1998; Levin et al., 
2009; Möllmann et al., 2014). In either case, integrated assessments are based on indicators 
(Garcia et al., 2000; Jennings, 2005). Ecological indicators are intended to capture or repre-
sent relevant features of the ecosystem which representatively inform on wider aspects of 
ecosystem health thereby guiding management agencies towards targeted action (OECD, 
1993; Helsenfeld and Enserink, 2008).  

The implementation of ecosystem-based approaches to marine management has initiated 
intensive research and development programmes on environmental and ecological indi-
cators (see for example Mace and Baillie, 2007; Helsenfeld and Enserink, 2008; EU-COM, 
2010; Shin et al., 2010; HELCOM, 2013). In fact, the number of suggested indicators has 
become overwhelmingly large, sometimes leading to redundancy in their content and 
meaning (Greenstreet et al., 2012a; Shephard et al., 2012). Thus, technical frameworks for 
selecting indicators based on quality criteria have been proposed and applied (Rice and 
Rochet, 2005; ICES, 2012; ICES, 2013; Probst et al., 2014; Queirós et al., 2016). These 
frameworks define evaluation criteria to indicators addressing (amongst others) the data 
quality, sensitivity and responsiveness towards changes in anthropogenic pressures, 
comprehensibility, theoretical underpinning and (cost) effectiveness.  

In this chapter, we focus on two types of indicators: ‘operational indicators’ link human 
disturbances (pressure) to the state of an ecosystem component and ‘surveillance indica-
tors’, which are used for surveillance of single ecosystem components without a clear 
assessment target and direct link to specified pressures (Shephard et al., 2015). Surveil-
lance indicators are not directly linked to specific pressures, but aim to warn manage-
ment if the ecosystem is leaving previously known boundaries  

The lack of theoretical underpinning leads to unclear status targets: The case of fish indicators 

Classical fish biodiversity indicator metrics (species richness or evenness) fail to score 
well with regards to sensitivity and responsiveness towards human disturbances (Green-
street, 2008). This is in large proportion due to the circumstance that the relationship 
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between human pressures and biodiversity indices, representing the ecological state, is 
often poorly understood (Rice, 2000). A study by Piet and Jennings (2005) revealed that 
several biodiversity indicators (e.g. Hill’s diversity indices) did not show a consistent 
relationship with fishing intensity and concluded that a better theoretical understanding 
of the response of biodiversity metrics to anthropogenic pressures is necessary.  

To address this problem, recent fish biodiversity indicators were based on the size-
composition of communities, where marine communities’ biotic interactions are consid-
ered to be driven by size-structure rather than by taxonomic distinction (Daan et al., 2005; 
Greenstreet et al., 2011). A prominent example for such a size-based biodiversity indicator 
is the Large Fish Indicator (LFI), which assesses the ratio between the biomass of small 
and large fish within a community (Greenstreet et al., 2011; Shephard et al., 2011). How-
ever, even for indicators such as the LFI, unexpected patterns in the pressure-state rela-
tionship emerged i.e. that the responsiveness (the time it takes for a state indicator to 
react to changes in pressure) of the LFI to fishing intensity was much longer than previ-
ously assumed (Fung et al., 2013). This long-lagged responsiveness indicated that the 
initial theoretical concept of the LFI was complicated by trophic cascades within the fish 
community and that a deeper theoretical understanding of fishing impacts on fish com-
munities may still be necessary. An equivalent type of species diversity indicator to the 
LFI does not currently exist for benthic communities. The majority of existing benthic 
diversity indicators are based on species abundance or biomass (e.g. the OSPAR common 
indicator “BH2 - Condition of benthic habitat defining communities (Multi-Metric Indi-
ces)”) and thus knowledge of pressure-state relationships between benthic communities 
and anthropogenic impacts is increasingly necessary to support the development of these 
indices.  

The lack of a clear, unambiguous understanding of theoretical concepts underlying eco-
logical indicators can lead to difficulties in establishing assessment baselines for good 
environmental status (GES). Currently, many indicators are missing assessment targets 
that have been derived from theory. Instead assessment targets are usually based on his-
torical evidence (Greenstreet et al., 2011; Fock, 2014). In the lack of such historical evi-
dence, time-series based approaches are suggested (Rochet et al., 2010; Probst and 
Stelzenmüller, 2015). Both approaches, however, are associated with difficulties. Assess-
ment targets established from historical evidence may become invalid in a changing en-
vironment e.g. if the targets become affected by climate change (ICES, 2015). Assessments 
based on time-series analyses do not provide meaningful baselines with regard to the 
true environmental status as they only inform on relative changes.  

A well-established example for an assessment target based on a theoretical principle is 
the maximum sustainable yield (MSY) for exploited fish stocks (Jennings et al., 2001). 
Originally the MSY-concept has been developed by Schaeffer based on the idea of sur-
plus production (King, 2007). Surplus production describes an increased productivity of 
exploited populations when the population size is reduced (e.g. by fishing). The produc-
tivity of this population is enhanced because density-dependent inhibitions of growth are 
relieved. The MSY-concept has led to the development of reference points for fisheries 
management. Within the advisory framework of the International Council for the Explo-
ration of the Sea (ICES) the MSY-principle is currently used to obtain limit values for 
sustainable rates of exploitation (FMSY); (Lassen et al., 2014). The MSY-principle has been 
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transferred and adapted to obtain reference points of sustainable impacts for endangered 
fish species (Le Quesne and Jennings, 2012) and benthic communities (Fock et al., 2011).  

5.1.3 A step-by-step approach to theory-based indicator conception 

The following section describes several steps to develop a theoretical concept which can 
be used to design biodiversity indicators (Figure 5.1.1). This step-by-step guide focuses 
on state indicators which intend to capture aspects of biodiversity within communities of 
ecosystem components (e.g. fish, benthos or plankton). It remains to be explored if this 
approach is applicable to holistic ecosystem indicators and other types of indicators as 
well.  

Step 1: Identify relevant features 

Ecological indicators are eventually about environmental assessment and hence to be 
used in management context. Therefore, it is important to define the relevant features 
that the management framework is seeking to address. For example, the MSFD defines 
several ecological components and human pressures as relevant for the assessment of 
environmental status (see Annex III, Tables 1 & 2) and suggests potential indicators to be 
used for these assessments (see 2017/848/EU). However, most of the indicators are de-
scribed only qualitatively and with varying degrees of detail. Hence, it has and still is 
taking huge efforts by scientists and political managers to come to terms on which exact 
ecological elements and human pressures to assess and how the indicators should be 
designed around these elements. Therefore, it is crucial to understand and agree upon 
which the relevant ecological features are reflected by the indicator metric and to which 
pressure they relate. 

 

Figure 5.1.1. Linkages between anthropogenic disturbance, population dynamic processes, environ-
mental states and biodiversity indicators. The ultimate goal is to derive assessment targets from the 
pressure-state relationship (PSR).  
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Step 2: Develop theoretical underpinning  

The evaluation of OSPAR biodiversity indicators in 2013 by WGBIODIV revealed that 
many indicators scored poorly on the conceptual criterion to be “theoretically sound” 
(ICES, 2013). The lack of a theoretical underpinning of these indicators resulted in prob-
lems to define meaningful status targets and thus made the assessment of biodiversity 
elements based on these indicators difficult. Furthermore, classical indices of biodiversity 
provided ambiguous results with relation to human pressures and hence scored general-
ly badly on evaluations by ICES and OSPAR (Greenstreet, 2008; Greenstreet et al., 2011). 
WGBIODIV therefore concluded that it was essential to underlie biodiversity indicators 
with a sound theoretical concept that allows to formulate hypotheses on the pressure-
state relationship a priori and allowing for rigorous testing of these hypotheses using 
empirical data. 

In the following three types of theory-based indicators are described to demonstrate the 
way ecological theories can facilitate the design of biodiversity indicators.  

Trait-based indicators 

Species communities are characterised by the abundance of different species which influ-
ence their composition and diversity (Begon et al., 1996). The abundance of each species 
within a community is influenced by abiotic conditions and biotic interactions, which in 
turn affect its population dynamics. Population dynamics are driven by processes, name-
ly growth, reproduction and mortality (Jennings et al., 2001), which in turn are depending 
on external environmental factors and intrinsic species-specific traits (Figure 5.1.1). The 
population dynamics of each species will determine the composition and structure of the 
community.  

Knowing which traits render members of a community susceptible to specific pressures 
allows to build quantitative indices that capture and condense this sensitivity (McGill et 
al., 2006; Gravel et al., 2016). An example of such a trait-based indicator can be found in 
the concept of the WGBIODIV benthic response indicator (see chapter 5.3 of this report) 
or the sensitivity of demersal fish species (Greenstreet et al., 2012b). In each case, biologi-
cal traits (age-at-maturity, maximum length, burrowing depth, fragility, etc.) are com-
bined into an index of sensitivity, which then can be calculated for samples of differing 
species compositions and related to influencing factors (Beauchard et al., 2017).  

Size-based indicators 

Size-based indicators can be considered as a special form of trait-based indicators, as 
body size is considered to be the major trait affected by human pressure, e.g. by trawl 
fishing (HELCOM, 2017; OSPAR, 2017). A classic example is the OSPAR Large Fish Indi-
cator (LFI), which reflects the proportion of large vs. small fish in the demersal fish com-
munity (Greenstreet et al., 2011; Shephard et al., 2011; Modica et al., 2014). Other examples 
are the Typical Length (a size composition indicator, ICES, 2014) and Mean Maximum 
Length (a species composition indicator) of fish communities implemented within the 
recent OSPAR Intermediate Assessment (OSPAR, 2017). The theoretical underpinning in 
relation to pressure is that selective fishing alters the size-structure of fish communities 
by reducing the number of large species across the community as well as within single-
species populations (Pauly et al., 1998; Jennings et al., 2002; Probst et al., 2013b).  
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In relation to state, Jennings et al. (2007) found that body size was related to trophic level 
in fish in the North Sea at the community level (see also Reum et al., 2015). Barnes et al. 
(2010) demonstrated a relationship between fish size and trophic transfer efficiency. 
Riede et al. (2011) demonstrated that log-mean body size was significantly related to 
trophic level in marine invertebrates, and ectotherm and endotherm vertebrates using 
data on multiple ecosystems. Model simulations by Rossberg et al. (2008) have demon-
strated that in food webs where trophic interactions dominate over other interactions, 
large species at high trophic levels are highly sensitive to loss of diversity at lower 
trophic levels (ICES, 2014). 

Indicators based on diversity metrics 

Indicators can be based on plain diversity metrics such as the Margalef-Index (Borja et al., 
2009a). In the 2017 OSPAR Intermediate Assessment the Margalef-Index was used to 
assess the state of soft-bottom benthic habitats in the southern North Sea (OSPAR, 2017). 
The Margalef-Index is an abundance-weighted species richness metric and is supposed to 
be negatively related to several anthropogenic pressures such as pollution or organic 
enrichment. Diversity metrics are also used in combined multimetric indicators such as 
the M-AMBI, which uses Shannon-diversity and species richness in combination with a 
trait based approach (Borja et al., 2009b). Dominance and diversity indices (Menhinick 
index and Hulburt index) are combined within the OSPAR PH3 ”Changes in plankton 
diversity” indicator, which corresponds to a multimetric index focusing at structure, 
namely heterogeneity, diversity, and contributions of each taxa to community diversity. 
By applying the Local contributions to beta diversity (LCBD, Legendre & De Caceres 
2013) approach which uses variance in taxa distribution among sampling units, PH3 al-
lows the identification of atypical community structures which can be considered for 
index calibration for future assessments or, instead, correspond to degraded areas in 
need of restoration (Budria et al., 2017). 

In some cases diversity metrics have been proven themselves as difficult to assess the 
impact of pressures, e.g. fishing (Piet and Jennings, 2005). Indicators of species richness 
or evenness depend very much on the sampling strategy i.e. the number of samples nec-
essary to capture the true values of such metrics (Greenstreet and Piet, 2008). Hence, 
these metrics can be data-intensive, methodologically demanding and difficult to calcu-
late and wrong applications can make their interpretation difficult (Greenstreet, 2008).  

Alternatively, indicators can be based on knowledge, e.g. evidence from scientific litera-
ture, direct observations or logical, yet descriptive conclusions. However, we would like 
to distinguish this type of underpinning from the conceptual and theoretical underpin-
ning as described above, as WGBIODIV concluded that this type of indicator rationale 
eventually will lead to undefinable assessment targets (ICES, 2013).  

Step 3: Develop the indicator 

At this step, it becomes necessary to decide on concrete indicator metric(s) to be calculat-
ed from available data. Effort should be spent on assessing which metric may be best 
suited to capture the concept of the indicator e.g. by analysing which metric would be 
most sensitive and specific to the relevant pressure(s) (see Greenstreet et al., 2011; Probst 
and Oesterwind, 2014 for examples). Effort may also be needed to develop a meaningful 
pressure indicator metric (see Greenstreet et al., 2011 for an example on communual fish-
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ing pressure). Furthermore, the exact ecosystem components, which should be included 
into the metric calculation need to be defined. For example, some species may not be 
monitored well enough by a specific monitoring program (e.g. wide-ranging species like 
basking shark in demersal fisheries surveys) or may not be sensitive to the impact of cer-
tain human pressures (e.g. pelagic fish to demersal trawling). To make the indicator met-
ric as suitable to the concept as possible, careful decisions have to be made regarding all 
relevant aspects, e.g. the suite of included features and traits, the type of metric to calcu-
late or which cut-off threshold to choose. 

The underlying data that will be used to calculate the indicator most likely will have to 
be compiled, validated and quality assured. This can be a lengthy and time consuming 
process (Moriarty et al., 2017). In fact, the completeness and quality of regional data bases 
is diverse and in many cases it has been proven as challenging to gather the necessary at 
the relevant scales (e.g. compile vessel-monitoring data or observers-at-sea data across all 
EU member states). Hence, this step is very much about cleaning and consolidating the 
existing data, correcting or eradicating erroneous entries as well as filtering the data to 
include only the relevant spatial units and ecological elements.  

Step 4: Establish a pressure-state relationship (PSR) 

This step is necessary, if the intended indicator is supposed to become a fully operational 
assessment indicator. Contrary, surveillance indicators do not need to be linked explicitly 
to pressure(s) (Shephard et al., 2015) and step 4 may be disregarded.  

In the ideal case, mathematical equation(s) define the relationship between pressure and 
states. These pressure-state relationships (PSR) can thus be described as theoretically 
formalised, conceptually validated or conceptual non-validated (Table 5.1.1). An example 
for a theoretically formalised PSR is the relationship between fishing mortality and yield-
per-recruit (Beverton and Holt, 1957; Jennings et al., 2001). A conceptual validated PSR is 
tested using empirical data (Fock et al., 2011; Large et al., 2013) or can use modelling to 
validate and obtain the PSR (Fulton et al., 2005; Le Quesne and Jennings, 2012; Probst et 
al., 2013b).  

If possible, the PSR should not only indicate the direction of the impact, but also the 
magnitude and form of the relationship (linear, asymptotic, hump-shaped, bimodal, 
hockey-stick, etc.) (Samhouri et al., 2010). The knowledge on the form of the PSR is im-
portant for step 5.  

Table 5.1.1 Types of pressure-state relationships (PSR)  

PSR-type Description Examples 

Theoretically 
formalized  

The relationship between pressure(s) 
and state can be analytically derived 
from equations 

Fishing mortality vs. yield 
per recruit 

Conceptually 
validated 

Conceptual PSR is postulated based on 
and validated by empirical data 

WGBIODIV benthic 
response indicator 

Conceptually non-
validated 

Conceptual PSR is postulated, but not 
validated  

Trawling frequency vs. 
benthic disturbance 
indicator 
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Step 5: Obtain “adequate status” (assessment) targets  

If the indicator concept is based on a theoretical framework which connects pressure and 
states in fully quantitative equations, targets for GES should be obtainable from these 
equations, if it possible to solve for local minima, maxima or inflection points (see below 
and Figure 5.1.2). Otherwise operating models or empirical data can help to determine 
GES thresholds by providing pressure-state relationships (PSR).  

Due to their “alarm” function, surveillance indicators do not need strict theoretical un-
derpinning. The designation of status targets is therefore less difficult for this type of 
indicator and can be obtained from values observed in the time-series (Probst and 
Stelzenmüller, 2015; Shephard et al., 2015). 

Depending on the form of the PSR it may be possible to determine benchmarks for GES 
(Samhouri et al., 2010). If the PSR is non-linear, inflection or breakpoints may be used to 
identify where a minimal change in pressure will lead to a disproportional change in 
state (Figure 5.1.2). However, it is notable that this is only valid for certain types of PSR 
that contain some sort of turning or break point. In other cases, the GES-benchmark may 
be found by taking other relevant ecological features into account. An example from clas-
sical fisheries management: Fishing mortality (F) has a monotonous logarithmic relation-
ship to the cohort number (N) (similar to Figure 5.1.2C). Hence, no point is discernible at 
which a small increase in F has disproportionally high impact on N. But as the cohort 
number relates to spawning stock biomass, which in turn is related to recruitment (and 
thus productivity) of the stock, thresholds for SSB (and indirectly N and F) can be de-
rived from the spawner-recruit relationship.  
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Figure 5.1.2. Types of pressure-state relationships (PSR) and their potential for determining assess-
ments thresholds. A linear PSR does not allow the mathematical determination of an assessment 
threshold (A), an asymptotic relationship allows the determination of an inflection point, but an in-
flection point may only be a valid benchmark for good environmental status (GES) in a resistant sys-
tem (B), whereas in systems with low resistance any amount of pressure will lead to drastic declines 
in environmental state (C). A hump-shaped relationship could inform sustainable levels of pressure 
(D). Colours indicate assessment outcome, green=’good’, red=’bad’, black dots indicate inflection 
points or maxima. 

At best, status or assessment targets should account for uncertainty e.g. by adding pre-
cautionary buffers to the determined reference points. Again, the relationship between 
spawners and recruits of exploited fish stocks can provide an example: The turning-point 
in the hockey-stick relationship between spawners and recruits is defined as minimum 
sustainable biomass (Blim). Adding a safety buffer of 40% to Blim yields the precautionary 
reference point (Bpa) (ICES, 2017). Accordingly, any other quantitative measures of uncer-
tainty can be used i.e. a given quantile of the stochastic distribution of an indicator metric 
(Probst et al., 2013a; Probst, 2017).  

Step 6: Perform indicator evaluation  

In this final step the quality of the indicator is assessed to decide whether the indicator is 
usable within environmental assessment frameworks such as the MSFD or regional seas 
conventions (Rice and Rochet, 2005; ICES, 2015). Building on work by WGECO (ICES, 
2012), WGBIODIV introduced a scoring procedure for quantifying expert judgement 
(ICES, 2013), which can be generically applied to biological indicators (Probst et al., 2014). 
The WGBIODIV criteria are based on criteria defined by Rice and Rochet (2005) and 
Kershner et al. (2011) and cover criteria such as data availability, spatial coverage, pres-
sure-specificity and responsiveness, comprehensibility, cost-effectiveness and theoretical 
soundness (ICES, 2013). Independent of the framework that will be used, indicator eval-
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uation is helpful to identify the strengths and gaps of indicators promoting their im-
provement and increasing their acceptance within the scientific and policy community.  

Step 7: Do the assessment 

Once the indicator concept, the PSR and the assessment targets have been established, it 
is time to take the indicator to the real world. Similar to step 4 and step 5, this step only 
applies to operational indicators and is about dealing with unexpected problems when 
transferring hypothetical concepts into scientific applications intended to inform man-
agement and policy.  

After calculating the indicator, establishing the PSR and assessment target, the actual 
state of the indicator can be assessed. What sounds like a straightforward task, however, 
can turn into a lengthy process in which the assessment result has to be validated, inter-
preted and communicated. 

The OSPAR Intermediate Assessment 2017 is a good example of how existing and new 
indicators have been adapted to fit to the actual assessment needs. For example, several 
fish indicators such as the ‘Typical Length’ and the ‘Mean Maximum Length’ have been 
calculated for sub-divisions as the fish communities have been found to be heterogene-
ous within the OSPAR regions (e.g. the Celtic Seas) and reporting by OSPAR regions 
would have masked sub-divisional trends. The Large Fish Indicator for the North Sea 
was originally based on the IBTS-NS Quarter-1 survey, but has been calculated based on 
several surveys of the North Sea to confirm the observed trajectory of the original indica-
tor time-series.  

Another important aspect is how the result of the assessment is communicated to man-
agers and decision makers. Thus, it is important to consider the way assessment results 
are disseminated. It is certainly important that the indicator metric as well as its assess-
ment targets are fairly easy to understand and to interpret (Rochet and Rice, 2005; ICES, 
2013). ICES adopted a traffic light approach to indicate the status of fish stock indicators. 
Contrary, the current OSPAR 2017 Intermediate assessment does not have a unified ap-
proach to present the results and the current versions of the indicator fact sheets do not 
present a straightforward assessment result. 

After performing steps 1–6, operational indicators in most cases will run through itera-
tive adaptation processes until the stakeholder needs for spatial and temporal resolution, 
understanding, standardisation and acceptance are met. 

5.1.4 Case studies 

This section analyses how the seven-step-framework applies to the WGBIODIV benthic 
response indicator as well as to three indicators by OSPAR and HELCOM. The aim of 
this section is to analyse how well these indicators fit to the WGBIODIV development 
protocol and what caveats and gaps may result from missing important steps of this pro-
tocol.  
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Table 5.1.2. Overview on the congruency of the development procedure of several ecosystem indicators 
against the WGBIODIV development protocol. 

Name OSPAR Large Fish 
Indicator LFI  

WGBIODIV 
Benthic response 
indicator 

HELCOM abundance of 
coastal fish functional 
groups 

OSPAR 
Abundance and 
distribution of 
cetaceans 

Indicator type Operational 
indicator 

Operational 
indicator 

Operational indicator Surveillance 
indicator 

Step 1. Identify 
relevant features 

Pressure(s): 
Community 
fishing pressure 
State: Proportion 
of large fish in 
demersal fish 
community 

Pressure(s): 
Demersal 
trawling 
State: 
Composition of 
benthic 
community 

Pressure(s): 
Eutrophication, fishing, 
habitat degradation, 
climate change 
State: Abundance of 
trophic fish guilds 

Pressure(s): None 
State: Abundance 
and distribution 
of several 
cetacean species 

Step 2. Develop 
theoretical 
underpinning  

Conceptual Conceptual Conceptual Knowledge-based 

Step 3. Develop 
the indicator 

Calculate the ratio 
between biomass 
of small and large 
fish 
Define threshold 
to separate small 
from large fish by 
statistical 
procedure 
Filter Survey data 
for demersal 
species and 
standard survey 
area 

Define biological 
traits which are 
assumed 
sensitive to 
fishing 
Develop 
indicator metric 
combining these 
traits;  

Calculate abundance 
estimates of piscivores 
and 
cyprinids/mesopredators 
during the period 2011–
2015 
Develop reference 
conditions based on 
previous values in the 
time-series  
 

Calculate 
abundance 
estimates 
Create 
distribution maps 
Compare changes 
in abundance  

Step 4. Establish a 
pressure-state 
relationship 

Conceptual 
validated 

Conceptual 
validated 

Conceptual non-
validated 

None 
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Step 5. Obtain 
“adequate status” 
(assessment) 
targets for 
operational 
indicators 

Historical Pending Time-series based Time-series based 

Step 6. Perform 
indicator 
evaluation 

Done, evaluated 
as operational 

Pending Done, evaluated as 
operational 

Pending 

Step 7. Apply 
indicator concept 
to field data 

Greater North Sea; 
Celtic Seas; Bay of 
Biscay 

Case study in the 
Dutch EEZ and 
Bay of Biscay 

Across multiple coastal 
HELCOM assessment 
units in the Baltic Sea 

Depending on 
species data was 
available for the 
North Sea, Celtic 
Sea, Bay of Biscay 
and Iberian Coast 

Potential 
improvements 

Define length 
threshold for large 
fish based on food 
web theory 

Establish 
assessment 
target based on 
PSR 

Validate PSR e.g. 
eutrophication vs. ratio 
of 
cyprinids/mesopredators 

Use population 
viability analysis 
to obtain 
estimates for 
extinction risk 
and minimum 
viable population 
sizes 

The OSPAR LFI  

The OSPAR Large Fish Indicator (LFI) is currently one of the few ecosystem indicators 
that has been developed, validated and improved and thus is considered as operational 
(Greenstreet et al., 2011; ICES, 2015; OSPAR, 2017). The LFI is based on two theoretical 
concepts, namely size-structured food webs and size-selective fishing. However, these 
concepts were not sufficiently mathematically formalised to close some gaps that became 
apparent throughout the development of the LFI.  

Firstly, the definition of a size threshold to distinguish small from large fish was not de-
rived from food web theory and impacts of size-selective fishing. Instead, all applied case 
studies of the LFI in the North Sea, the Celtic Sea and Bay of Biscay (Greenstreet et al., 
2011; Shephard et al., 2011; Modica et al., 2014) applied a technical procedure fitting poly-
nomial smoothers to the LFI time-series choosing the length threshold, which produced 
the best smoother fit.  

Secondly, the theoretical foundation of the LFI was not sufficient to designate a threshold 
for good environmental status. This threshold had to be determined based on historical 
time-series from fisheries surveys dating back to the 1920s (Greenstreet et al., 2011). The 
historical approach to set a GES-threshold for the LFI was adapted for the Celtic Sea 
(Shephard et al., 2011) and a statistical procedure was used for the LFI of the Bay of Bis-
cay (Modica et al., 2014). Thus, the current theoretical foundation of the LFI is not suffi-
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cient to go beyond the operationalisation procedures suggested by Probst and 
Stelzenmüller (2015). 

Finally, the temporal dynamics of the pressure-state relationships indicate that the under-
lying theoretical concepts of the LFI are more complicated than originally assumed. The 
LFI responds with time lags of eight to sixteen years to changes in fishing pressure, and 
simulation studies suggest that complex food web interactions result in trophic cascades, 
which may need decades until equilibrium conditions are reached (Fung et al., 2013; 
Shephard et al., 2013) 

In conclusion, the LFI is well rooted in theoretical concepts and its validity is confirmed 
by multiple studies in different marine regions. However, the theoretical foundation of 
the LFI is qualitative and not quantitative and hence the establishment of GES-thresholds 
has been based on historical records.  

OSPAR abundance and distribution of cetaceans 

The indicator “abundance and distribution of cetaceans” is a common OSPAR indicator 
applied to all OSPAR regions and contributing to both descriptors D1 and D4 (OSPAR, 
2017). It is based on the rationale that cetaceans as top predators form an important part 
of marine biodiversity and are affected by multiple human pressures (incidental bycatch, 
collisions with ships, underwater noise by shipping or seismic activities, prey depletion 
by overfishing, habitat loss/degradation, pollution, marine debris, climate change). Thus, 
high cetacean abundance and distribution is assumed to be related to a good environ-
mental status.  

Currently no GES-thresholds are defined, mainly due to a lack of sufficient monitoring 
data, which make precise estimates of abundance and distribution trends difficult. Fur-
thermore, the PSR are not very specific and given the weak data availability empirical 
support for PSR cannot be provided. For the same reason, formal pressure-state relation-
ships cannot be provided. While high abundances of cetaceans may indicate a good envi-
ronmental status, their absence does thus not allow determining the actual status of an 
ecosystem and driving anthropogenic causes due to the low data availability.  

Thus, the assessment is rather qualitative (based on expert judgement) than quantitative. 
In conclusion, an evaluation of this indicator is not possible at the moment as it requires 
better data support and further methodological development. 

This indicator could gain from applying population viability analysis to single popula-
tions in order to estimate minimum viable population sizes and extinction risks under 
prevailing conditions (Boyce, 1992; Traill et al., 2007). 

HELCOM abundance of coastal fish functional groups 

This HELCOM core indicator is part of the State of the Baltic Sea Holistic Assessment 
2017 (HELCOM, 2017) and contributes to the assessment of food webs under criterion 
D4C2. The indicator evaluates the abundance of two trophic fish guilds, piscivores and 
cyprinids (or, if not applicable, mesopredators), in coastal regions of the Baltic Sea. The 
rationale for this indicator is that human pressures such as eutrophication, fishing and 
habitat degradation reduce the abundance of top predators (piscivores) while improving 
the conditions for cyprinids/mesopredators (Persson et al., 1991; Sandström and Karas, 
2002; Bergström et al., 2016). Thus, obtaining a good environmental status requires that 
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both abundance of piscivores is above a particular threshold and abundance of cypri-
nids/mesopredators is within a particular range. 

Site-specific thresholds/ranges are determined in reference to baseline conditions derived 
from long-term time-series (>= 15 years). However, these reference conditions include 
uncertainty regarding the real status of the fish guilds, as this was not derived from eco-
logical considerations but from the existent time-series only. In addition, the thresh-
olds/ranges are not available for all areas due to a lack of data i.e. shortness of the 
available time-series. Finally, environmental gradients in the Baltic Sea are steep and the 
existing monitoring programmes are concentrated in the Northern and Eastern parts of 
the Baltic Sea. The baselines obtained from these areas may not be applicable to other 
coastal areas of the Baltic Sea where coastal fish monitoring programmes have not yet 
established.  

5.1.5 Conclusions 

This non-exhaustive review of four biodiversity indicators illustrates that the establish-
ment of fully theoretically formalised indicators is very challenging. At the moment, the 
most advanced theoretical underpinning can be found in indicators, which have a long 
tradition of assessing the sustainability of exploitation of fish stocks. Compared to these 
indicators (fishing mortality F and spawning stock biomass SSB), the indicators estab-
lished by the regional seas conventions are rather new. Maybe due to their relatively 
young age, none of the RSC biodiversity indicators is rooted in a fully formalized theoret-
ical framework. While some indicators are rooted in ecological concepts, even in the best 
cases their conceptualisation is not fully numerical and does not allow to derive theory-
based pressure-state relationships and assessment targets. Instead, empirical data are 
used to validate and define pressure state relationships and assessment targets are de-
rived from historical data or by statistical methods. Many of the species-specific indica-
tors (and their higher-levels composite products) could overcome these shortcomings by 
using population modelling based on species-specific traits. Improved monitoring pro-
grams would help to calibrate and validate the outcomes of such population models.  
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5.2 Standardizing sampling design and analysis to obtain unbiased estimates 
of species diversity (ToR1b, Deliverable 2)  

Deliverable 2: Combined analysis and review on impacts of sampling size on performance of biodi-
versity metrics (2016–2018) 

5.2.1 Introduction 

The quantification of changes in biodiversity is often considered central to studies of 
human impacts on marine ecosystems, but metrics of biodiversity have proven excep-
tionally difficult to quantify reliably. For the sake of simplicity, the following chapter will 
be limited to the metric of richness, whether taxonomic or functional. The difficulties to 
reliably quantify richness are not only related to problems involved in species identifica-
tion or functional classification. Many of the problems arise because the statistical proper-
ties of richness estimators are poorly known and because the richness estimates are based 
on diverging methods and sampling procedures.  

Richness estimates are curtailed by the number of individuals sampled, because if only x 
individuals are caught, only x species can be identified. Drawing samples from a diverse 
assemblage, richness will increase with the number of individuals sampled and with the 
number of samples collected. Ideally, the relationship is asymptotic and a value of total 
richness characterizing the assemblage in a delimited area at a given time can be derived 
(Figure 5.2.1). But species accumulation curve can deviate from the ideal shape, if species 
migrate across the borders of the investigated area or when samples have been collected 
over a period of time. 

Because richness is an increasing, non-linear function of abundance, models are needed 
to extrapolate or rarefy the number of samples or individuals to a common sample size 
(see Figure 5.2.1).  
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Figure 5.2.1. Sample- and individual-based rarefaction and accumulation curves. The smooth curves 
represent the statistical expectation of the number of species encountered based on cumulated num-
ber of collected individuals or samples (solid lines). The jagged curves represent a single ordering of 
the individuals or samples as they are successively pooled. Reproduced from Gotelli and Colwell 
(2001). 

Classical rarefaction or extrapolation of samples is, however, subject to a number of fac-
tors influencing the result. Apart from differences in the local species pool generating a 
need for additional samples in high diversity areas, intra- and interspecific correlations 
and differences in aggregation patterns can violate prerequisite assumptions and change 
the number of samples or individuals required to produce an unbiased result. The shape 
of the species accumulation curve (the SAC) will depend both on the species abundance 
distribution (the SAD) and the species area relationship (the SAR). In addition, multicol-
linearity of environmental variables, differences in sampling efficiency/catchability, non-
linear responses of species richness to different stressors, and effects of spatial scale may 
complicate the analysis (Gotelli et al. 2009).  

The problems involved in rarefaction and extrapolation are particularly important when 
the effects of environmental or anthropogenic drivers are being analysed, because the 
shape of the SAR and SAD may change in response to changes in a driver. Sometimes 
SACs generated by samples obtained at different levels of, say organic enrichment, will 
not run parallel, but intersect providing a negative response to a change in the driver 
below the intersection, and a positive above the intersection point, leading to opposing 
conclusions about the effect (Figure 5.2.2). But even when the SACs do not intersect the 
relative difference between the curves may change as a function of the number of indi-
viduals or samples collected, giving rise to scale dependent conclusions generating in-
flated confidence limits in meta-analyses and eventually leading to misinformed 
conclusions about the impact of the driver.  
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Figure 5.2.2. Species accumulation curves before and after the impact of an anthropogenic driver. At a 
sampling effort below the intersection A the community affected by the driver appears to be more 
species rich than before, above A the opposite is true. The different SACs may result from changes in 
aggregation, with less aggregation before than after the impact.   

Chase and Knight (2013) summarize the problems related to scale dependency caused by 
sampling units that differ in size and spatial extent and argue that many of the problems 
related to identifying the direction and magnitude of biodiversity responses may be seen 
as resulting from the using scale-dependent methods and procedures. Except when the 
SACs are parallel, effect sizes will be scale dependent, creating ambiguity in estimated 
effect sizes.   

Despite the importance of correcting for differences in spatial scale, sampling effort, and 
overall abundance, biodiversity samples are often not adjusted in a way that will make 
them comparable and allow conclusions to be drawn about changes in richness, evenness 
and other biodiversity measures. For the reasons given above, even samples that are 
standardized by area or individuals cannot generally be used without further considera-
tion. In this section we will try to summarize the problems and their possible solution by 
reviewing the literature, providing examples of how the problems may influence the 
results, and give recommendations on how to best to analyse the impacts of environmen-
tal and anthropogenic drivers on marine biodiversity. 

5.2.2 Species area relationship (SAR) and species accumulation curve (SAC) 

Species Area Relationship (SAR) 

The Species-Area Relationship (SAR) has been proposed as one of the ecological general-
izations (Arrhenius, 1921; Rosenzweig 1995) that can be used to study species abundance 
and diversity both in time and space. More specifically SARs can be used to quantify 
changes in species diversity of fish assemblages in relation to human pressure through 
fishery and thus provide sensitive community-level indicators (Tittensor et al. 2007; No-
vaglio et al. 2016).  

Before 

After 
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From theory, SAR (Arrhenius, 1921) can be described using the power function: 

S = c*Az  (eq. 1) 

where S is the number of species; A is the area; and c and z are constants. 

 

Species Accumulation Curve (SAC) 

Curve-fitting methods have often been employed to obtain extrapolated richness esti-
mates that would be expected if sample size were increased by a given amount (Colwell 
and Coddington 1994). For example, by re-arranging (eq. 1) the species accumulation 
curve (SAC) can be described by the exponential function as: 

log (S) = log(c) + z*log(A) (eq. 2) 

S = c + z*log(A)   (eq. 3) 

where the slope parameter (z), provides information on the rate of species accumulation 
as the area sampled increases (SAC). Since z is related to multiple community properties, 
such as species richness, species abundance, and spatial distribution, it can be used to 
characterize communities, and provide information on community status (Tittensor et al. 
2007, Novaglio et al. 2016).  

The species accumulation curve (SAC) derived from the SAR distributions using for ex-
ample the exponential function: S = c + z*log(A) can be used to quantify changes in spe-
cies diversity in relation to fishing exploitation and its related effects on ecosystem 
structure, habitat, and biodiversity (Worm et al. 2006; Coleman & Williams 2002). 

With respect to the relationship between SAC and sample size, Sanders (1968) was the 
first to point out that benthic samples containing different numbers of individuals need 
to be corrected to an equal size, before they can be compared. Traditionally this is done 
by ‘rarefying’ or interpolating the largest sample down to the size of the smallest by 
resampling the individuals (Magurran 2004) and methods such as the Coleman Curve or 
formulas have been developed to do exactly that (e.g. Hurlbert 1971). Therefore, rarefac-
tion does not make use of the full data set. 

In contrast, non-parametric estimators exist that extrapolate from the data to find the 
'true' number of species, including Chao1, Chao2, abundance-based coverage estimator 
(ACE), incidence-based coverage estimator (ICE), and the jackknife (Gotelli and Chao 
2013). These operators are based on the concept that rare species carry the most infor-
mation about the number of undetected species or in other words, by using the number 
of rare species that are found in a sample the likelihood of other undiscovered species 
can be calculated.  

For example, the Chao1 estimator uses the occurrence of singletons and doubletons, the 
number of species recorded only once or twice in a sample, respectively, to estimate the 
total number of individuals in the samples (Chao, 1984): 

SChao1 = Sobs + f12 / (2f2) (eq. 4) 

where Sobs is the number of species in the sample, f1 is the number of singletons and f2 is 
the number of doubletons. Therefore, as soon as all species have been uncovered at least 
three times, it is unlikely that more species remain undetected. Chao1 works with abun-
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dance data while the Chao2 estimator can be applied to incidence data. It is similar to 
Chao1 but incorporates a sample-size (R) correction factor (R-1)/R (Chao, 1987): 

SChao2 = Sobs + [(R-1)/R] Q12 / (2Q2) (eq. 5) 

However, traditional rarefaction or extrapolation to equal-sized samples tends to misrep-
resent the difference in richness of the communities being compared. This is because a 
sample of a given size may be sufficient to fully characterize the community with the 
lower diversity, but insufficient to characterize the richer community. Thus, traditional 
methods may bias the estimate of the difference between communities of different rich-
ness.  

Chao and Jost (2012) suggested to estimate the number of samples needed to remove this 
bias by using coverage-based sampling. In coverage-based sampling the equal-size crite-
ria are replaced by an equal coverage criterion, where equal coverage signifies that the 
same proportion of the individuals per area have been sampled. They suggest a unified 
coverage-based sampling curve that integrates rarefaction with extrapolation by a mix-
ture of rarefaction of the largest samples and extrapolation of the smaller ones, compar-
ing samples of equal coverage.  

5.2.3 Case studies 

WGBIODIV investigated the robustness of diversity estimators with respect to sampling 
intensity in two case studies at differing levels of aggregation: 

Hill Numbers calculated at survey level using bias correction methods based on species 
accumulation rates (Chao and Jost 2012; 2015) 

Hill Numbers calculated for selected quarter-ICES rectangles with high sampling fre-
quency 

For both studies data were extracted from the quality assured data product created for 
the OSPAR Intermediate Assessment (Moriarty et al. 2017). Species Richness is given by 
Hill Numbers with q = 0, Shannon diversity (the exponential of Shannon entropy) at q = 1 
and Simpson diversity (the inverse of Simpson concentration) at q = 2. 

Case study 1: Species Accumulation Curves  

We applied the approaches of Chao and Jost (2015) to determine the continuous diversity 
profile of Hill numbers (N0, N1) annually for 19 surveys across the north east Atlantic. 
The techniques of Chao and Jost (2012; 2015) include methods to estimate diversity pro-
files from either presence-absence data (incidence) or the more traditional approaches 
based on abundance data. Both options were trialled with the fisheries survey data and 
their performance compared. Data were analysed using the “Species Prediction And 
Diversity Estimation” R package “SpadeR” ().  

Species abundance data (catch per unit swept area, CPUA, in tonnes per km2) by haul 
were averaged first within appropriate sampling units (ICES rectangles for Greater North 
Sea surveys and by depth bands for Celtic Seas surveys) and these strata-based estimates 
were then summed over the whole survey area to determine annual estimated abun-
dance. Abundance data were fourth root transformed to reduce variability in the data to 
the great range in catch rates and then rounded to the nearest integer since the methods 
trialled require count data. Note that surveys typically use subsampling methods to raise 
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data up to the total catch within a haul so pure count data is rarely available for any fish-
eries survey. Even if count data were available, variation in haul sampling volume is 
never fixed due to difficulties of sampling at sea and dependence on natural conditions 
(e.g. tide, current strength etc.). So count data, once raised to total catch, require stand-
ardisation (often by haul duration or more appropriately by estimated swept area) to take 
into account the different conditions between hauls.  

Given that fisheries surveys typically cover great areas, individual trawls may sample 
multiple habitats. Because many species of fish are often found in shoals or schools it is 
relatively rare to find singletons and doubletons in survey data (unless a particularly odd 
species is caught such as a basking shark and such catches are usually excluded from the 
dataset due to lack of reliability of the data). Since the methods of Chao and Jost (2015) 
require catches of rare species (singletons and doubletons) to provide estimates of cover-
age, we also reran the abundance-based analyses using CPUA data scaled by the mini-
mum CPUA value per year to make sure that singletons are present in the data. 

Results  

In general fisheries surveys are poor in detecting rare species, so the observed species 
richness will be under sampled. Estimates of expected species richness and diversity 
using three methods (incidence, abundance and scaled abundance) are shown for three 
surveys below (Figures 5.2.3 and 5.2.4) North Sea IBTS in quarter 1 (GNSIntOT1), West of 
Scotland GOV survey in quarter 3 (WAScoOT3), EVHOE south of 48°N in quarter 4 
(CSBBFraOT4).  

When species richness is estimated from incidence data only (occurrence of species by 
sampling unit) estimates are highly variable (Figure 5.2.3, left column). The Chao1 bias-
corrected estimates of species richness based on abundance data (rounded 4th root trans-
formed CPUA data, Figure 5.2.3, middle column) were unable to estimate coverage cor-
rectly due to the lack of singletons and doubletons. Once the abundance data were scaled 
(right column) so that the least abundant species was specified as a singleton, the Chao1 
bias-corrected estimates of richness mirrored the estimates based on incidence data (Fig-
ure 5.2.3, left column). Overall, the estimates of species richness are highly variable and 
thus unlikely to mirror the change in richness within the ecosystem from year to year. 
The Chao1 bias-corrected estimates of richness demonstrate the total community sam-
pled by the surveys is highly variable due to the nature of the sampling and hence we 
conclude that richness estimated in this way are not suitable for biodiversity indicators. 
Shannon diversity is far less variable than richness and here the Chao and Jost estimates 
make very little difference to the estimates directly from the data (Figure 5.2.4). Notably 
the scaled abundance data do inflate the diversity estimates since rarity has been artifi-
cially increased. 
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Figure 5.2.3. Annual estimates of species richness using incidence data i.e. occurrence of species (left 
column, empirical and bias corrected estimate of richness), CPUA data (central column, showing em-
pirical and bias corrected estimate of richness in red with upper 95% CI bound in dashed red line) and 
scaled CPUA data (CPUA/min(CPUA),right column) for selected surveys: GNSIntOT1=IBTS Q1, 
WAScoOT3=West of Scotland GOV survey, CSBBFraOT4=EVHOE south of 48°N. The bias corrected 
estimator of species richness is based on the methodology of Chao and Jost (2012).  
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Figure 5.2.4. Annual estimates of species diversity (Shannon diversity, Hill N1)using incidence data 
i.e. occurrence of species (left column, empirical and bias corrected estimate of richness, dotted line), 
species diversity using CPUA data (central column, showing empirical and bias corrected estimate in 
red with upper 95% CI bound in dashed red line) and species diversity using CPUA/min(CPUA) data 
(right column) for selected surveys: GNSIntOT1=IBTS Q1, WAScoOT3=West of Scotland GOV sur-
vey, CSBBFraOT4=EVHOE south of 48°N. The empirical estimate of Shannon diversity is the maxi-
mum likelihood estimate and the bias corrected estimate uses the methodology of Chao et al. 2013. 

The application of SAR and SAC theory needs further consideration for the development 
of ecosystem status indicators that can be used to quantify biodiversity loss across eco-
systems. The approach by Chai and Jost (2015) to estimate Hill-numbers are not suitable 
for trawl survey data. To develop reliable spatial estimates of diversity metrics from the 
observed data, further study is required to determine the minimum sampling size that is 
acceptable (see study 2 below). 
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Case study 2: Species Area Relationships obtained from fisheries surveys 

The abundance of rare objects in nature (rare species, rare length classes within a species) 
is difficult to assess with precision (Magurran 1988; 2004; Colwell et al., 2004; Colwell and 
Coddington, 1994), and this is especially so when, as with groundfish surveys, the frac-
tion of the environment actually sampled is extremely small. The ‘standard survey area’ 
of the GNSIntOT1 survey covers 176 ICES statistical rectangles (0.5° latitude by 1.0° lon-
gitude), amounting to a total sea area of 556 187 km2. Over the course of the 35y survey 
time-series, the total area swept between the wings of the GOV trawl in any one year 
varied between 20.7 km2 and 41.1 km2, equivalent to between 0.004% and 0.007% of the 
total sea area. The problem is then further confounded by the fact that the catchability 
(trawl catch efficiency) of many species and of many size classes of particular species, in 
the GOV trawl is low. Hence, the proportion of all sampled individual fish present in the 
environment may actually be an order of magnitude (or more) smaller than the estimates 
based on the fraction of the area sampled might suggest (Fraser et al., 2007; Walker et al., 
2017). 

Comparison of abundance estimates derived from small-scale high-intensity (1 trawl 
sample of ½h duration per 15 km2) and large-scale low-intensity (1 trawl sample of ½h 
duration per 1500 km2) suggest that data collected from at least 4 to 6 trawl samples per 
ICES statistical rectangle (approximately 3090 km2) require to be aggregated before ade-
quate estimates of local species abundance at length are obtained (Stransky, 1998). Early 
studies of North Sea fish species diversity suggested that aggregation of data from 10 1h 
trawl samples or 20 ½h trawl samples may be necessary to derive reliable estimates of 
local (point or alpha diversity) species richness and species evenness (Greenstreet and 
Hall, 1996; Greenstreet et al., 1999; Greenstreet and Piet, 2008). Aggregation of samples to 
derive reliable parameter estimates can be carried out either across space, to derive a 
value for the aggregate area for a given point in time (e.g. year), or across time, to derive 
a value for a given location (e.g. ICES statistical rectangle) for the aggregate period. 
However, particularly in respect of species diversity metrics, both types of sample aggre-
gation present potential difficulties in that the desired estimates of alpha diversity be-
come confounded by incorporation of elements of beta diversity, i.e. the turnover in 
species composition associated with habitat variability in space and environmental 
change over time (Velland, 2001, Korhonen et al., 2010; Magurran et al., 2010; Soininen, 
2010; Kraft et al., 2010). Greenstreet and Piet (2008) examined the spatial aspect of this 
issue explicitly and found that spatial beta diversity started to inflate estimates of alpha 
diversity in any given year when samples collected at distances of greater than 50km to 
60km apart were aggregated. 

To construct annual maps of spatial variation in fish species- and community-level met-
rics, the 176 ICES statistical rectangles that constituted the GNSIntOT1 ‘standard survey 
area’ were each subdivided into four quadrants. The intention here was to derive maps 
with a spatial resolution (pixel size) that was much closer to the resolution used in de-
termining the shape and size of Marine Protected Areas (MPAs) than the ICES statistical 
rectangle resolution that underpins the survey design. Ideally, even finer resolution 
would be useful in this respect, but the splitting of ICES statistical rectangles into four 
quadrants was considered to be the finest resolution that could be supported by the 
available data. Quadrants with a sea area of <76% were excluded assuming these to be 
too close to land to be properly part of the survey area. 
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Annual estimates of the density-at-length of each species present in each quadrant in 
each year were determined as the mean species density-at-length calculated across all 
hauls collected in each year within a 60km radius of the central point of each quadrant. 
Over the full 35y time-series of the GNSIntOT1 survey, species density-at-length esti-
mates could be determined in this way for a total of 677 quadrants. Figure 5.2.5 shows 
variation in the number of individual trawl samples contributing to each quadrant’s spe-
cies density-at-length estimate in each year. Frequently, no estimates could be deter-
mined for some quadrants because no trawl samples were collected within a 60km 
distance from the central location of these quadrants in a particular year. This occurred 
most commonly in quadrants located at the edges of the study area. Other edge effects 
were also apparent; often the number of hauls available within 60km of edge quadrant 
central points was relatively low. Some species- and community-level metrics are influ-
enced by variation in sampling effort. Where this is the case, these plots of annual quad-
rant sampling effort can provide an indication of confidence in particular quadrant 
metric values. Where the number of trawl samples available is particularly low, estimates 
of species richness are likely to be biased downwards, while estimates of species diversi-
ty, dominance and evenness are likely to be either extreme positive or extreme negative 
outliers (Greenstreet and Piet, 2008). 
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Figure 5.2.5. Spatial variation in the number of hauls within a 60km radius of the central point of each 
ICES statistical rectangle quadrant (0.25° latitude by 0.5° longitude) in each year.  

 

Assessing levels of sampling effort necessary to derive reliable indicator estimates 

This poses the obvious question – what level of sampling is necessary in order to derive 
reliable estimates of species richness and evenness? Four spatially contiguous quadrants 
have 17 or more trawl samples collected in four consecutive years (1984 to 1987) in the 
southern North Sea of the Dutch coast (Figure 5.2.6). The effect of sample size on result-
ing quadrant species count and diversity metric estimates was examined for each quad-
rant in each year. Samples were aggregated starting from the sample collected closest to 
each quadrant’s central point location and then adding samples increasingly further 
away from the central point. Figures 5.2.7–5.2.10 show the resulting metric accumulation 
curves for species count S (Hill’s N0), Hill’s N1 diversity, Hill’s N2 dominance and 
Pielou’s J eveness metrics. In accordance with previous studies of North Sea demersal 
fish species diversity (Greenstreet and Piet, 2008), Gleason (Y = b x ln(X) + a) semi-log 
relationships generally provided the closer fit than the more usual Arrhenius (Y = a * Xb) 
power function suggesting a degree of limitation in the available species pool (Table 
5.2.1). Examination of these curves suggests that a sampling effort level of 10 or more ½h 
trawl samples is necessary before estimates of S, N1 and N2 even start to approach satu-
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ration. This is not the case for J, which approaches saturation at sampling effort levels 
closer to five ½h trawl samples.  
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Figure 5.2.6. Location of four ICES statistical rectangle quadrants intensively sampled in four consecu-
tive years. 
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Figure 5.2.7. Effect of increase in the number of trawl samples on species count S estimates in four 
contiguous ICES statistical rectangle quadrants in four consecutive years. 
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Figure 5.2.8. Effect of increase in the number of trawl samples on Hill’s N1 species diversity estimates 
in four contiguous ICES statistical rectangle quadrants in four consecutive years. 
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Figure 5.2.9. Effect of increase in the number of trawl samples on Hill’s N2 diversity estimates in four 
contiguous ICES statistical rectangle quadrants in four consecutive years. 
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Figure 5.2.10. Effect of increase in the number of trawl samples on Pielou’s species evenness J esti-
mates in four contiguous ICES statistical rectangle quadrants in four consecutive years. 

Table 5.2.1 Gleason semi-log fit parameter values for plots shown in Figures 5.2.7 to 5.2.10. 

Quadrant\Year 
S N1 N2  J 

b a b a b a  b a 

36F5_NE1984 3.1252 8.471 1.7522 8.301 0.8711 7.947  0.02059 0.9630 

36F5_NE1985 4.1517 2.655 3.0232 3.069 2.2328 3.305  -0.01468 0.9596 

36F5_NE1986 6.4805 5.629 3.9557 6.905 2.1177 7.489  -0.02410 0.9784 

36F5_NE1987 5.8212 5.974 4.3943 4.412 3.3213 3.299  0.02956 0.8340 

36F6_NE1984 4.1449 2.869 2.6526 3.486 1.8401 7.722  -0.01976 0.9502 

36F6_NE1985 3.6905 4.375 2.5351 4.721 1.7974 4.886  -0.01901 0.9702 

36F6_NE1986 4.2860 4.721 3.1320 4.583 2.2751 4.510  -0.00709 0.9386 

36F6_NE1987 4.9133 4.137 3.0506 4.109 2.0645 3.922  -0.01353 0.9145 

36F6_NW1984 3.3488 0.932 1.9930 2.060 1.3703 2.572  -0.04287 0.9958 

36F6_NW1985 2.3478 6.385 1.5183 6.444 1.0560 6.321  -0.02110 0.9818 

36F6_NW1986 3.7914 4.307 2.7533 4.489 2.0225 4.589  -0.01574 0.9674 

36F6_NW1987 4.4403 3.213 2.5717 4.083 1.6778 4.293  -0.03258 0.9699 

36F7_NW1984 3.5066 4.961 1.7801 5.343 0.9519 5.323  -0.04069 0.9743 

36F7_NW1985 4.3193 2.771 3.3406 3.089 2.7290 3.142  -0.00798 0.9561 

36F7_NW1986 3.4625 4.639 2.3925 4.848 1.6479 4.883  -0.01543 0.9612 

36F7_NW1987 3.8803 3.029 2.2330 4.037 1.4075 4.416  -0.03257 0.9790 
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However, it is not necessary to derive indicator values that approach “actual” species 
richness and evenness. All that is required is that the indicator values obtained provide 
sufficient indication of “actual” values such that they can reliably detect differences in 
species richness and evenness in space and time. The Gleason models in Table 5.2.1 were 
used to extrapolate estimates of S, N1, N2 and J for each quadrant and year that would 
obtained by 50 ½h trawl samples and these were assumed to represent “actual” values at 
each location and time. The effectiveness of estimates derived from lower levels of sam-
pling effort was first examined theoretically by regressing (with intercept set to zero) 
Gleason model estimates derived from smaller aggregations of samples (as the depend-
ent variable) in each quadrant and year with “actual” estimates (as the independent vari-
able); (Figure 5.2.11). The regression essentially examines how well Gleason estimates 
derived from a range between 5 and 40½h trawl samples predict the “actual” values de-
rived from Gleason models based on 50 ½h trawl samples. The regression slope therefore 
provides an estimate of the factor difference between “actual” values and values derived 
from lower sampling effort levels. For example, “actual” species richness estimates of S 
derived from 50 ½h trawl samples were likely to be on average 1.86 times higher than 
estimates derived from Gleason models based on five ½h trawl samples. Despite this 
though, Gleason model estimates of S derived at sampling effort levels of five ½h trawl 
samples still differentiated between the 16 quadrant/year observations reasonably well 
giving an R2 value of 0.986 for the regression between dependent and actual metric val-
ues. The observed estimates of S N1, N2 and J obtained from various levels of sample 
aggregation also compared well with the ”actual” i.e. theoretical value estimate. Examin-
ing the same example, the Gleason estimate of “actual” S were on average 1.93 times 
higher than estimates derived from aggregation of five ½h trawl samples and the R2 val-
ue of 0.953 suggested that the estimates of S determined from aggregation of five ½h 
trawl samples were capable of differentiating between the 16 quadrant/year observations 
with a high level of success. This analysis suggests that in studies of spatial and temporal 
variation in groundfish species diversity, it is necessary to aggregate at least five ½h 
trawl samples in order to derive reliable metric estimates. 
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Figure 5.2.11. Comparisons of estimates of species richness (S), and species diversity (N1, N2, J) de-
rived from Gleason semi-log functions fitted to sample aggregation data obtained from four ICES 
statistical rectangle quadrants in four consecutive years when at least 17 ½h trawl samples were col-
lected on each occasion. In each case, the extrapolation of the Gleason models to an aggregated sample 
of 50 ½h trawl samples was assumed to represent the “actual” values present in each quadrant and 
year. The “theoretical” comparison compares the Gleason model estimates from Table 5.2.1 with these 
“actual” estimates and the “observed” comparison compares the observed metric estimates derived 
from various levels of sample aggregation with the “actual” estimates. 

Case study 3: On the spatial resolution of monitoring for calculating plankton indicators 

The spatial representation of two OSPAR pelagic habitats indicators (PH1 and PH2) was 
explored within the EcApRHA project (Ostle et al., 2017) by combining classical monitor-
ing data acquired by hydrological bottle/plankton net at a fixed station (L4, western 
Channel long-term series Plymouth) and data gathered by the Continuous Plankton Re-
cording (SAHFOS), both followed by microscopic observation and discrimination of phy-
toplankton and zooplankton species. CPR samples were averaged from extending zones 
around the fixed station L4 (Figure 1). 

Amongst the indicators discussed by Ostle et al. (2017), PH1 features a "Plankton Index" 
(PI, derived from the PCI of Tett et al., 2008 and Tett et al. 2013) of lifeform pairs (e.g. di-
noflagellates vs. diatoms). The PI has been developed to track changes in the state of the 
plankton in marine waters over time by: (i) the grouping of plankton species into func-
tional types or lifeforms; (ii) the display of changes in the abundance of each of these 
lifeforms using a state-space approach; (iii) by calculating a Plankton Index (PI) quantify-
ing possible changes in the state of the plankton relative to baseline or starting condi-
tions; and (iv) relating trends in the PI to trends in human pressures and climate change 
indices (when possible). Ecologically-relevant lifeform pairs must be selected according 
to the marine system considered, in order to make lifeforms ratio changes indicative of 
changes in: hydrological/nutrient conditions and pathways to different primary produc-
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ers (i.e. changes in pigmentary dinoflagellates and diatoms, changes in microphytoplank-
ton and nano- and pico-phytoplankton, changes in pelagic and thycopelagic phytoplank-
ton); the transfer of energy from primary to secondary producers (changes in 
phytoplankton and zooplankton); the pathway of energy flow and top predators (chang-
es in gelatinous zooplankton and fish larvae); benthic/pelagic coupling (changes in holo-
plankton i.e. fully planktonic) vs. meroplankton, only part of the lifecycle is planktonic, 
the remainder is benthic) (Gowen et al., 2011). For the spatial analysis between L4 and 
CPR data, the monthly lifeforms were calculated for CPR data within each spatial range 
shown in Figure 5.2.12 and the annual PI time-series were compared with L4 for the peri-
od 2004 to 2014 (with a reference period of 2004 to 2008; Ostle et al., 2017). 

The PH2 indicator is based on the consideration of the temporal anomalies in the distri-
bution of total phytoplankton biomass and the total copepod abundance. For comparison 
with the CPR dataset, total phytoplankton biomass was inferred from the Phytoplankton 
Colour Index (PCI), and total copepod abundance was determined in a similar way to the 
above but using CPR counts. The anomalies were calculated following the methodology 
used in the time-series R package Pastecs by F. Ibanez et al. (2006) by de-seasonalising the 
monthly data using the monthly mean cycle, and calculating the annual average anomaly 
from the monthly anomalies. 

Seasonal and annual anomalies of PH2 were addressed and results at fixed station moni-
toring were compared to continuous acquiring samples with CPR, whereas PH1 was 
considered at an annual basis. 
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Figure 5.2.12. Map of the sample locations of the EcApRHA study (Ostle et al., 2017). The coloured 
dots represent CPR samples from extending ranges around L4, which is represented as a yellow dia-
mond. Cyan dots = CPR samples within 1/8 degree of L4. Pink dots = CPR samples within ¼ degree of 
L4. Green dots = CPR samples within ½ degree of L4. Dark blue dots = CPR samples within 1 degree 
of L4. Red dots = CPR samples within 2 degrees of L4. Black dots = CPR samples within 3 degrees of 
L4. The black polygon represents extent of study area used. 

According to the results of this study on the western Channel (Ostle et al., 2017) spatial 
variation in plankton abundance, as a consequence of its patchy distribution, limits the 
ability to merge differing datasets inter-annually, e.g. for PH2 calculation on total cope-
pod abundance (Figure 5.2.13). However, on mean seasonal and long-term time scales 
both datasets show strong similarities on PH2 seasonal cycle for total copepod abun-
dance (Figure 5.2.14) and PH1 inter-annual trends on "auto and mixotrophic dinoflagel-
lates/diatoms" life form (Figure 5.2.15).  

From further analyses, it is apparent that there is a balance between having an adequate 
number of samples for aggregation within a close enough region around the fixed-point 
station to make a meaningful comparison with the results of a single station alone. 
Long-term and seasonal trends can be compared and inferred using both sets of data, 
however fixed-point and transect data have differing complementary information for 
time-series investigations.  
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Figure 5.2.13. Annual anomalies in total copepod abundance for L4, and CPR data within the spatial 
ranges of L4 shown in Figure 1 for the years 2004 to 2014. (Ostle et al., 2017). 

 

 

Figure 5.2.14. Mean monthly seasonal cycle of total copepod abundance. Purple = L4, blue = CPR sam-
ples at the different spatial ranges around L4 shown in Figure 1. The bounded area around the lines 
represents the standard deviation of the mean. (Ostle et al., 2017). 
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Figure 5.2.15. Annual PI values for the lifeform pair diatoms vs. auto and mixo-trophic dinoflagellates 
for L4 and CPR data within the spatial ranges shown in Figure X.12. Black line = L4, dark blue circles = 
3 degrees, red circles = 2 degrees, orange circles = 1 degree, purple circles = ½ degrees, green circles = ¼ 
degrees, cyan circles = 1/8 degrees. The reference period used for this analysis was 2004 to 2008, and 
falls between the green lines. A significant change (p<0.01) in the annual PI is characterised by a drop 
in the PI value to below 0.6, this threshold is represented as the red line. (Ostle et al., 2017). 

Indeed, further investigation is needed to determine the optimum sample size which is 
ecologically representative of a water mass. It is likely that this will vary between regions 
and indicators used, as physical dynamics play a strong role in structuring the spatial 
distribution of plankton abundance, biomass, productivity and diversity. Therefore, this 
shall have to be carried out on a site-by-site basis, however, a protocol for this determina-
tion of optimum sample size could be developed by analysing the stability of the average 
at the lowest resolution using a boot-strapping technique. Pelagic habitats or ecohydro-
dynamic (EHD) areas (as defined for the North Sea by van Leeuwen et al., 2015) should 
be used to test how representative samples from the same EHD are (no matter which 
sampling approach is applied). A state-space version of a multivariate autoregressive 
model that accounts for observation error was proposed by Holmes et al. (2010). If there 
should be a potential to adapt the plankton index state-space approach to account for 
observational error, perhaps a framework to incorporate spatial variation could also be 
incorporated in to the methodology for PH1 (to be further investigated).  

For better defining the spatial representation of a fixed-point station, more information is 
required on the hydrological features surrounding a station and further analyses of indi-
vidual taxa and their range in relation to those environmental conditions are necessary. 
On the other hand, there is a need for further investigation on how to adapt existing pe-
lagic habitats indicators to data provided by seasonal cruises covering wide spatial 
scales, thus, higher spatial resolution but lower temporal frequency than CPR (which 
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does not cover all marine systems) and stations monitoring (which are most of the time 
limited to coastal areas). 

Case study 4: Relationship between sampling effort and species number – case study soft bottom 
benthos 

Soft bottom fauna has been used for environmental monitoring for over a century. This 
ecosystem compartment constitutes one of the biological quality elements in monitoring 
according to the Water Framework Directive, and is used in the overall classification of 
water bodies (aiming at a state of at least “good”). In such monitoring, it is highly im-
portant that the methodology in sampling and processing is standardized between the 
institutions involved. The first step in this chain is the sampling itself, which is usually 
conducted with a van Veen grab (0,1 m2), but also other sampling gears like box-cores 
may be used. These may sample the fauna differently, particularly regarding surface-
crawlers and deep-living fauna. Another aspect is how many replicates are sampled. The 
common soft bottom standard ISO 16665 is highly specific in several aspects of the sam-
pling and processing, but does not explicitly recommend the number of replicates to be 
sampled. Though the number of replicates may vary depending on the purpose of the 
monitoring and the habitat under subject, it should in many cases be more standardized.  

With regards to costs and-benefits, it is important to balance sampling effort vs. accuracy 
of diversity metrics. Quite a lot of work has been done to look into which species are lost 
when reducing the sampling effort. However, less is known on whether they are func-
tionally important – i.e. what ecological information is lost? This is particularly important 
to have information on as biological trait analysis (BTA) of the faunal communities is 
increasingly used. In one of the few studies conducted on this topic, Ellingsen et al. (2007) 
concluded that rare species are important to functional biodiversity of soft bottom ben-
thos. 

Here a very small case study based on data from two stations in the Norwegian Coastal 
Monitoring Program is presented (Figure 5.2.16), where we compare a sampling effort of 
0,4 m2 (i.e. 4 van Veen grabs) with 0,8 m2 (i.e. 8 grabs) for one shallow (50 m) and one 
deep (360 m) station. The species accumulation curve (Figure 5.2.17) did not show any 
signs of flatting out on any of the stations.  
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Figure 5.2.16. Soft bottom stations within the Norwegian Coastal Monitoring Programme. The stations 
were positioned in three regions: the outer Oslofjord (A), the southeast coast (B), and the southwest 
coast (C). Depth is the number multiplied with 10. 

 

Station A05 

 

Station A36 

 

  

Figure 5.2.17. Species accumulation curve for the two Norwegian Coastal Monitoring Stations A05 (50 
m depth) and A36 (360 m depth), 2009.  

The number of species, number of individuals as well as some selected diversity indices 
are presented in Table 5.2.2. This clearly shows a strong increase in number of species 
when the sampling effort is increased from four to eight samples. At the same time it 
should be noted that the “extra species” recorded in eight vs. four samples all had low 
density; most were in fact singletons, with one major exception of Thyasira sp. having a 
number of 143 in the first four replicates at station A36. 
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Table 5.2.2. Overview of species richness (S), total abundance N, Simpson-Index (?)d, Pielou’s even-
ness (J)’, Hulbert-Index (ES100) and Shannon-Diversity (H) for either eight or four samples of the 
stations A05 and A36 in 2009.  

S N d J' ES(100) H'(log2)
A05 (8 samples) 91 606 14,05 0,82 39,90 5,37
A05 (4 samples) 55 271 9,64 0,87 36,82 5,02
A36 (8 samples) 65 2023 8,41 0,62 19,68 3,75
A36 (4 samples) 50 1213 6,90 0,64 18,39 3,59  
 

The second aim of this small case study was to look into the properties of the “lost” spe-
cies regarding their traits. If the “lost” species have a disproportional influence on the 
community, this should be taken into account in the evaluation of the sampling effort. 
Below is an overview of species present in the four first, but not four last replicates, 
which then potentially are lost with fewer replicates (Table 5.2.3). NIVA has a soft bottom 
database of approximately 1300 species, and for half of these traits have been described 
(Table 5.2.4). The traits were then extracted for the taxa in Table 5.2.3 and associated with 
scores (Table 5.2.5). In this very brief analysis, it was not possible to see any strong ten-
dency of a particular size categories of the “lost” species. Notably, several of the “lost” 
species at the shallow station (A05) live in a semi-permanent tube. At the deep station 
(A36) most of the “lost” species were burrowers, and some surface crawlers. At this sta-
tion, the “lost” species were also characterized by none degree of attachment, which was 
not true for A05. Neither stations showed any particular affinity towards one particular 
feeding mode. To conclude, the “lost” species show a variety of traits, and there was also 
an interesting difference between the two sampling depths regarding mobility pattern of 
the “lost” species.  

Table 5.2.3. Overview of “lost” species present in the first four, but not four last replicates, for one 
shallow and one deep station in the Coastal Monitoring Program, 2009.  

A05 
(50m)
Nephtys ciliata 0 0 0 4 0 0 0 0
Glycera rouxii 1 0 0 2 0 0 0 0
Exogone sp 0 0 0 2 0 0 0 0
Trichobranchus roseus 0 0 0 2 0 0 0 0
Thyasira equalis 0 0 1 1 0 0 0 0
Corbula gibba 2 0 0 0 0 0 0 0
Holothuroidea indet 2 0 0 0 0 0 0 0
Phyllodoce rosea 0 0 0 1 0 0 0 0
Podarkeopsis helgolandica 0 0 1 0 0 0 0 0
Ceratocephale loveni 0 0 0 1 0 0 0 0
Orbinia sertulata 0 0 0 1 0 0 0 0
Prionospio cirrifera 0 0 0 1 0 0 0 0
Chaetopterus variopedatus 0 0 0 1 0 0 0 0
Hydrobiidae indet 1 0 0 0 0 0 0 0
Aporrhais pespelecani 0 1 0 0 0 0 0 0
Arctica islandica 0 1 0 0 0 0 0 0  
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A36 (360 m) 

Thyasira sp 27 0 112 3 0 0 0 0
Scalibregma inflatum 1 1 1 0 0 0 0 0
Harmothoe sp 0 0 1 1 0 0 0 0
Nephtys paradoxa 1 0 0 1 0 0 0 0
Levinsenia gracilis 0 0 0 2 0 0 0 0
Anobothrus gracilis 0 0 0 2 0 0 0 0
Mugga wahrbergi 0 2 0 0 0 0 0 0
Harpinia cf. pectinata 0 0 0 2 0 0 0 0
Irregularia indet 2 0 0 0 0 0 0 0
Aphrodita aculeata 1 0 0 0 0 0 0 0
Nephtys ciliata 0 0 1 0 0 0 0 0
Nephtys pulchra 0 0 1 0 0 0 0 0
Paraonis fulgens 0 0 0 1 0 0 0 0
Ophelina acuminata 0 0 1 0 0 0 0 0
Oligochaeta indet 0 0 1 0 0 0 0 0
Bivalvia indet 0 0 0 1 0 0 0 0
Yoldiella lucida 0 0 0 1 0 0 0 0
Delectopecten vitreus 0 0 0 1 0 0 0 0
Thyasira flexuosa 0 1 0 0 0 0 0 0
Ericthonius abditus 0 1 0 0 0 0 0 0
Amphilepis norvegica 1 0 0 0 0 0 0 0
Vermiformis indet 1 0 0 0 0 0 0 0  
 

Table 5.2.4. List of traits and modalities in the NIVA traits database. The traits are scored according to 
the fuzzy coding method, i.e. allowing several traits pr. taxa (0 = no affinity, 1 = low importance, 2 = 
moderately high importance, 3 = dominant).  

FCODE TEXT TYPE 

AH1 Adult_life_habitat1 Sessile 

AH2 Adult_life_habitat2 Tube (permanent) 

AH3 Adult_life_habitat3 Tube (semi-permanent) 

AH4 Adult_life_habitat4 Burrower 

AH5 Adult_life_habitat5 Surface crawler 

AH6 Adult_life_habitat6 Swimmer 

AM1 Releative_adult_mobility1 None 

AM2 Releative_adult_mobility2 Low 

AM3 Releative_adult_mobility3 Medium 

AM4 Releative_adult_mobility4 High 

BF1 Body_form1 Short cylindric 

BF2 Body_form2 Flattened dorsally 

BF3 Body_form3 Flattened laterally 

BF4 Body_form4 Ball shaped 

BF5 Body_form5 Long thin, treadlike 

BF6 Body_form6 Irregular 

DA1 Degree_of_attachment1 None 

DA2 Degree_of_attachment2 Temporary 

DA3 Degree_of_attachment3 Permanent 

FD1 Faecal_deposition1 Sediment surface 

FD2 Faecal_deposition2 Subsurface 0–5cm 
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FD3 Faecal_deposition3 Deep subsurface >5cm 

FH1 Feeding1 Suspension/filter 

FH2 Feeding2   

FH3 Feeding3 Surface deposit feeder, SDF 

FH4 Feeding4 Subsurface deposit feeder, DF 

FH5 Feeding5 Dissolved matter/symbionts 

FH6 Feeding6 
Large detrius/scraper/grazer (inkl. 
tidl. FH2) 

FH7 Feeding7 Scavenge 

FH8 Feeding8 Carnivore/omnivore 

FH9 Feeding9 Parasite/commensal 

LD1 Life_duration1 < 1 year 

LD2 Life_duration2 1–5 year 

LD3 Life_duration3 >5 year 

LT1 Larval_type1 Planktotroph (feeding larvae) 

LT2 Larval_type2 Lecitotroph (non-feeding larvae) 

NS1 Normal_adult_size1  <5mm 

NS2 Normal_adult_size2  5mm-1cm 

NS3 Normal_adult_size3  1–3cm 

NS4 Normal_adult_size4  3–6cm 

NS5 Normal_adult_size5  6–10cm 

NS6 Normal_adult_size6  >10cm 

NY1 Number_of_reproductive_cycles_per_year1 < 1 

NY2 Number_of_reproductive_cycles_per_year2 1 

NY3 Number_of_reproductive_cycles_per_year3 2 or more 

RP1 Reproductive_period1 December-February 

RP2 Reproductive_period2 March-May 

RP3 Reproductive_period3 June-August 

RP4 Reproductive_period4 September-November 

RP5 Reproductive_period5 no particular season 

RT1 Reproductive_technique1 asexual (budding) 

RT2 Reproductive_technique2 broadcast spawner 

RT3 Reproductive_technique3 Demersal eggs 

RT4 Reproductive_technique4 Brooder, viviparous 

SD1 Sediment_dwelling_depth1 0 cm (surface) 

SD2 Sediment_dwelling_depth2 0–1cm 

SD3 Sediment_dwelling_depth3 1–5cm 

SD4 Sediment_dwelling_depth4 5–15cm 

SD5 Sediment_dwelling_depth5 >15 cm 
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Table 5.2.5. Traits of “lost” species if the sampling effort is reduced from eight to four replicates.  

 
Another issue that arose from the discussions at the WGBIODIV meeting in Venice was 
that the focus on infauna in assessing benthic communities may not necessarily reflect the 
functional attributes of the soft sediment systems. The benthic megafauna includes or-
ganisms > 1 cm that live on/above the sediment surface. The megafauna includes a varie-
ty of living strategies from sessile suspension feeders (e.g. sponges, bivalves), slowly 
moving detritus feeders (several large bristle worms, holothurians), to slowly or actively 
moving predators (large snails, echinoids, crustaceans, fish). The megafauna interacts 
with the infauna by their activities and may enhance as well as restrict the development 
of infauna species. The fact that megafauna is an ecologically important component of the 
ecosystem, and the wide range of living strategies included, implies that megafauna 
should receive increasing focus both when it comes to the services provided by the ben-
thos and also with regard to effects of anthropogenic stressors. 
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5.3 Development of a Benthic Community Physical Disturbance Indicator  

Deliverable 5. One or more operational indicators to assess biodiversity at the community and even-
tually the ecosystem level. 

5.3.1 Introduction 

Many economic sectors depend on marine ecosystems and biodiversity. The conserva-
tion, restoration, more equitable sharing of benefits and sustainable use of biodiversity is 
necessary to ensure that marine ecosystems continue to provide the goods and services 
on which human populations depend (Balmford et al., 2002). Over recent decades marine 
ecosystems have been subject to a growing variety and extent of human pressures 
(Halpern et al. 2008), giving rise to concern over the impact on the state of marine ecosys-
tems (Worm et al. 2006). Consequently, the need for holistic ecosystem based manage-
ment (EBM) of marine natural resources has become increasingly apparent (Jennings 
2004). EBM is shifting the focus towards more comprehensive decision-making processes 
by recognising ecological systems as a rich mixture of interacting elements and by ac-
knowledging their social and economic features (Gregory et al. 2013).  
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Biodiversity is inherently a multi-dimensional concept, spanning genes and species, func-
tional forms, adaptations, habitats and ecosystems, as well as the variability within and 
between them. All these dimensions of biodiversity are tightly interconnected, affecting 
the state, stability, and productivity of marine ecosystem as well as ecosystem services 
(Laurila-Pant et al. 2015). By altering populations of target species, fishing has effects on 
the structure and functioning of ecosystems. The activity of fishing also has effects on 
ecosystem structure and functioning. Over the last century, the use of bottom trawls and 
other mobile fishing gears have greatly increased in intensity and geographic extent 
(Watson et al.2006). Through contact with the seafloor, these gears can damage and modi-
fy benthic habitats and their associated benthic communities (Kaiser et al. 2000), kill or 
remove target and non-target species (Kaiser et al. 2006) and truncate age and size distri-
butions (Jørgensen et al. 2007). 

Many studies designed to assess the effects of fishing on benthic communities focus on 
taxonomic approaches, implying that all species are equally important. However, species 
do not contribute equally to ecosystem processes and differ markedly in their responses 
to changing environments. This recognition has led to the exploration of other compo-
nents of biodiversity, notably ecologically important traits (Dencker et al.2017). Traits are 
measurable functional and structural attributes of species. These attributes can be mor-
phological (e.g. size and body shape), physiological (e.g. metabolic pathways or growth 
related) or behavioural (e.g. diurnal migration, feeding patterns). Combinations of traits 
can describe the ecological niche of species and determine their response to environmen-
tal gradients and perturbations (Dencker et al. 2017 and refs therein). 

A complex interplay of evolutionary and environmental factors underpin the occurrence 
of species in different places. These factors determine species’ fitness. Thus, explaining 
species distributions in response to specific environmental conditions, natural or human-
mediated, should benefit from consideration of traits related to fitness, reflecting growth, 
survival and reproduction (Lavorel et al., 2008). Although biological traits are increasing-
ly being used in marine community ecology, their potential for reflecting functional re-
sponses has rarely been considered in the framework of ecological indicator development 
(Beauchard et al., 2017).  

5.3.2 Policy rationale 

The Convention of Biological Diversity (CBD http://www.biodiv.org; 
https://www.cbd.int/doc/legal/cbd-en.pdf) is the first treaty in international law to em-
phasise the vital importance of biodiversity conservation. More recently, the European 
Union (EU) has emphasised the importance of biodiversity. The EU Biodiversity Strategy 
(http://ec.europa.eu/environment/nature/info/pubs/docs/brochures/2020%20Biod%20broc
hure%20final%20lowres.pdf) has become an important policy driver and biodiversity is 
one of the descriptors of Good Environmental Status in the Marine Strategy Framework 
Directive (MSFD; https://www.eea.europa.eu/policy-documents/2008–56-ec). 

The MSFD represents the first instance of the application of EBM that covers all human 
activities in, and pressures on, the marine environment, addresses all major aspects of 
marine ecosystems, and which is fully underpinned by binding legislation. The MSFD 
requires Member States (MSs) to co-operate, through the auspices of the Regional Seas 
Conventions, to achieve good environmental status (GES) at the regional seas scale by 
2020. Where possible, MSs and non-EU countries bordering shared regional seas are re-
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quested to harmonise their management strategies and use the same indicators to moni-
tor change in environmental status (ICES 2015). 

Paragraph 25 of the MSFD preamble states that MSs “[…] should determine for their 
marine waters a set of characteristics for good environmental status … …”, which it de-
fines as “the environmental status of marine waters where […] the structure, functions and pro-
cesses of the constituent marine ecosystems, together with the associated physiographic, 
geographic, geological and climatic factors, allow those ecosystems to function fully and to main-
tain their resilience to human-induced environmental change. Marine species and habitats are 
protected, human-induced decline of biodiversity is prevented and diverse biological components 
function in balance”, i.e. the quality and occurrence of habitats and the distribution and 
abundance of species need to be at, or achieve, good environmental status. 

For the seafloor including its benthic community and how this is impacted by the pres-
sure “physical disturbance” two criteria apply according to the MSFD: 

• D6C2: Spatial extent and distribution of physical disturbance pressures on the 
seafloor.  

• D6C3: Spatial extent of each habitat type which is adversely affected, through 
change in its biotic and abiotic structure and its functions (e.g. through chang-
es in species composition and their relative abundance, absence of particularly 
sensitive or fragile species or species providing a key function, size structure of 
species), by physical disturbance. 

Clearly, these two criteria are (or should be) interrelated through a pressure-state rela-
tionship in that the pressures, i.e. D6C2 “Spatial extent and distribution of physical dis-
turbance pressures on the seafloor”, determines the state, i.e. D6C3 “Spatial extent of 
each habitat type which is adversely affected, through changes in species composition 
and their relative abundance”. 

5.3.3 Scientific rationale 

Efforts to infer the status of seafloor communities tend to use information on the abun-
dances and biomass of species within them. For example, the effects of physical disturb-
ance on benthic biomass may be described using a logistic population growth model with 
a depletion rate due to a trawling event and a recovery rate (Pitcher et al., 2016): 

dB/dt = rB(1-B/ K) - dFB 

where dB/dt is the rate of change in abundance B in time t (years), r is the logistic recov-
ery rate (y-1), K is carrying capacity, d is depletion rate (fraction killed by a single trawl 
pass, specific to different gear-types) and F is trawling intensity (calculated as swept area 
in a grid cell divided by surface area of that grid cell, year-1).  

The change in biomass (i.e. impact) of a benthic population caused by physical disturb-
ance (i.e. fishing) can therefore be captured by two habitat- and gear-specific parameters, 
the depletion rate d and the recovery rate r (Figure 5.3.1).  
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Figure 5.3.1. Conceptual diagram showing the two components of physical disturbance effects on 
benthic communities (biomass B): gear-specific depletion rate d and habitat-specific recovery rate r, 
reaching the carrying capacity K over time. Redrawn from Pitcher et al. (2016). 

As exact depletion and recovery rates are only available for a few species, we use trait-
based information to estimate the relative responsiveness of species (or at least a repre-
sentative sample) in the benthic community. We specifically focus on those traits and 
their modalities that we expect to respond to physical disturbance. The assumption is 
that species that differ in those traits will be impacted differently by varying intensities of 
fishing pressure. 

Sensitivity expresses instantaneous damage or death from physical disturbance, which 
results in biomass depletion. It is assumed to be shaped by three traits:  

• The fragility (FR) of a species, with more fragile species being more depleted.  
• The motility (MO) of a species determines its ability to avoid or escape dis-

turbance, with more mobile species capable of avoiding disturbance, reducing 
their depletion.  

• The vertical position of a species in the sediment (burrowing depth, BD) de-
termines its exposure to disturbance (or predation), with deeper-burrowing 
species depleted less. 

Thus, depletion is assumed to decrease with burrowing depth and moving speed, and to 
increase with body fragility. 

Recovery reflects the likelihood that a population can recover from depletion. Three traits 
were chosen to reflect this: 

• Offspring type (OT) describes the reproductive mode of a species. Species 
broadcasting eggs are considered to reproduce more slowly than species re-
leasing larvae after brooding. Species which produce juveniles (direct devel-
opment) after incubating their young generally recover more rapidly by 
ensuring a higher probability of offspring survival in situ. 

• Age at sexual maturity (AM) influences recovery because a species that does 
not reach sexual maturity for some time has a higher probability of dying from 
physical disturbance before reproducing successfully. For instance, if an or-
ganism reaches AM early and is reproductively active over several years, sev-
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eral cohorts can be reproductive at any one time, increasing the resilience of 
the total population. This life history aspect is expressed as the reproductive 
life span, equal to life span (LS) minus AM. Synergistically, offspring survival 
increases recovery potential. 

• Depending on AM, the life span (LS) of a species can affect recovery because a 
long reproductive life span (LS minus AM) may ensure a minimum of success-
ful reproductive events after reaching maturity in contrast to the opposite, and 
extreme, case of semelparity (i.e. only one reproduction before dying). 

The modalities of these traits were scored to reflect increasing responsiveness to physical 
disturbance due to depletion and decreasing ability to recover subsequently (Table 5.3.1). 
Since traits were composed of different numbers of modalities (from three to four), a 
standardisation was applied to balance the influence of each trait in the computation of 
the indicator.  

Table 5.3.1. Traits and their modalities used in the computation of the indicator. Scores express the 
degree of sensitivity to physical disturbance, except for life span, which is used in the recovery com-
ponent to express reproductive life span (see section 5.3.4 below). 

 

5.3.4 Constructing a traits-based indicator 

The previously defined sensitivity and recovery components are species’ functional 
properties that can be combined to derive three species types (resistant, resilient and 
vulnerable) with varying degrees of vulnerability to physical disturbance. For example, 
vulnerable types are characterized by high sensitivity (large instantaneous depletion) and 
low recoverability (long recovery time); (Table 5.3.2). 
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Table 5.3.2. Species typology in response to the effect of physical disturbance. Each species type is 
defined by a combination of functional properties (sensitivity and recoverability). Note that low sen-
sitivity and high vulnerability is not evidenced in the “Life history approach” from ICES WKBENTH 
2017 (ICES, 2017). 

 
Hence, the indicator incorporates a sensitivity component, taking into account the instan-
taneous effect of physical disturbance such as contact with a beam trawl during a haul, 
and a recovery component considering key aspects of population dynamics. 

The sensitivity component (SE) was expressed by the synergistic effect of the BD, MO 
and FR: 

 
The recovery component (RE) was computed as: 

 
with 1 added to the reproductive life span to deal with cases where both would equal 1.  

A short reproductive life span (LS – AM + 1) negatively affects recovery because the 
probability of a species reproducing successfully is lower. This lower probability of suc-
cessful reproduction is exacerbated if maturity is reached later (high AM).  A high ratio 
of AM upon reproductive life span thus implies lower recoverability. An extreme exam-
ple is a semelparous species, that reproduces only once. As it is a ratio, however, it may 
take the same value for species with different ages of maturity and reproductive life 
spans, e.g. a species maturing at 1 year of age and dying after 2 years will give the same 
ratio as another one maturing at 2 years and dying after 4 years. The second species can 
support three reproductive cohorts (one more than the first species), but its later AM 
exposes it to a higher risk of dying before reproducing. To account for this, the ratio is 
multiplied by AM to include an appropriate penalty to recoverability for long lived or-
ganisms that reach AM late. 

The combination of both SE and RE captures the effects of trawling that proceed over 
time. An important assumption is that resilient and vulnerable organisms can be equally 
sensitive (Table 5.3.2). When bottom trawling frequency is high, the most sensitive organ-
isms from a previously undisturbed community are extirpated instantaneously. Over 
time, the most resistant organisms remain so that the further removal of benthic biomass 
progresses more and more slowly (Figure 5.3.2A). The recovery potential is also expected 
to decline over time, with a progressively increasing amount of biomass extirpated per 
unit of time. This effect would be indirect and act through age at maturity. If the trawling 
frequency exceeds age at maturity (e.g. age of 3 years, one trawl every year), the density 
of reproductively active and surviving individuals would become too low over time to 
ensure the replacement of individuals that were extirpated by trawling. Since larger or-
ganisms are generally the most fecund, this should also hold for total biomass density 
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and even biomass per individual. In the longer term, the remaining organisms are those 
of low SE, i.e. those benefiting from high reproductive allocation and with direct devel-
opment that maximizes survival and settlement (Figure 2B).  

 

 
 

Figure 5.3.2. Response of the sensitivity component (A) and the recovery component (B) to bottom 
trawling over time under constant trawling pressure. 

It is not clear a priori how the SE and RE components should be combined in a single 
formula to ascribe a global score of vulnerability to a community of species. If SE and RE 
are independent they may simply be summed. If they are interactive, they may be multi-
plied. For instance, if the community is dominated by highly sensitive organisms of low 
recoverability, an interactive effect is to be considered to explain the response of the ben-
thic indicator. Therefore, testing the sensitivity of the individual components and their 
additive and interactive combinations was a necessary step in developing the benthic 
indicator and studying its response. 

5.3.5 Application of the indicator to two different case studies 

The behaviour and performance of the benthic indicator was examined using two inde-
pendent case studies. For both of these, fauna could be assigned to a common set of traits 
and data on the intensity of bottom trawling were available. The indicator components 
were structured so that high scores were related negatively to beam trawling intensity. 
Two basic criteria were applied to validate the benthic indicator: the sign of response 
variation (positive or negative) and the significance of the explained variance. 

5.3.5.1 Dutch EEZ 

The Dutch EEZ ranges from 51.62°N to 55.47°N where 81 stations were yearly sampled 
between 1995 and 2012. Information on data collection and the construction of the traits 
data base is described in detail in the ICES WKBENTH report (ICES, 2017). Since beam 
trawl fishing intensity was strongly correlated to the main environmental gradient in the 
study area, the specific effect of beam trawling on the benthic indicator had to be disen-
tangled from the effects of habitat variables (Legendre and Legendre, 2012). Figure 5.3.3 
illustrates how the benthic indicator was computed from trait data. In this case study 
data set, field data include individual and biomass densities so that three types of density 
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where applied, including presence-absence data, as well as absolute and relative densi-
ties (% of total sample density).  

In this study area, two habitats strongly contrast: a shallow sandy habitat (20 to 40 m 
deep) and a deep muddy one (30 to 54 m deep); (Figure 5.3.4). Hence, the indicator was 
tested at two different spatial scales, over the whole area and per habitat. 

Fishing intensity (swept area ratio) was quantified as part of the BENTHIS project (Ei-
gaard et al., 2017) from VMS data obtained from 2001 to 2012. Like biological variables, 
fishing intensity was averaged per sampling station. 

 

 

Figure 5.3.3. Computational procedure for the benthic community physical disturbance indicator. 
Modalities of initial qualitative trait data (upper matrix) are ascribed quantitative scores according to 
the degree of sensitivity to physical disturbance (see Table 1). After trait standardization and compo-
nent computation per species, values are aggregated (component scores multiplied by field density 
and summed over the whole species community) in order to get synthetic scores per sample of field 
data. 
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Figure 5.3.4. Case studies. Left - Dutch EEZ: grey dots, shallow sandy habitat; black dots, deep muddy 
habitat. Right - Bay of Biscay: the samples (black dots) within the French EEZ are included in the case 
study. Isobaths in both case studies are displayed by light grey lines. 

5.3.5.2 Bay of Biscay 

This case study analysed data on benthic invertebrate megafauna from the French 
Groundfish Survey in the Celtic Sea and Bay of Biscay (EVHOE). The survey has been 
conducted annually in autumn since 1992. The survey area ranges between 48°30'N in the 
North and the northern margin of Gouf de Cap Breton in the South (43°08'N; Figure 
5.3.4). A 36/47 GOV trawl is used with a 20 mm mesh codend liner. On average 70 sta-
tions are sampled annually by GOV trawl. Non-commercial invertebrate species have 
been systematically recorded since 2010. The field data include species biomass and den-
sities. However, since the two metrics are strongly correlated, only the densities were 
used for the case study. Species traits information come from the BENTHIS database (EU-
project). As mentioned in section 5.3, some traits required by the indicator were missing 
from the database and were thus inferred. The computation of the benthic indicator was 
done using the procedure presented in Figure 5.3.3. For the purpose of this case study, 36 
megabenthic species were included in the analyses representing respectively, 63 % and 
69 % of the total density and biomass in the survey.  

Fishing effort has been computed from the methodology for VMS data developed in the 
BENTHIS project (Eigaard et al., 2017). Given that bottom trawl can affect the benthic 
fauna at various scales (cf. indicator components), the dataset of the fishing effort was 
integrated at several temporal and spatial scales. Fishing effort was defined as the sum or 
the average of the swept area (km2) observed in a pixel in a day, a month, two months, 
three months, six months and a year before the date of the scientific survey. Concurrent-
ly, a spatial integration was also done. It defined an area of influence around the sam-
pling station of varying sizes, from the pixel in which the sampling occurred (i.e. 0 km) to 
a distance of 1, 2, or 5 km. The three components of the benthic indicator was tested 
against a combination of varying spatial and temporal scales of fishing effort integration. 
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5.3.5.3 Combining relevant traits information from various sources 

Two trait data bases were used in the computations of the benthic indicator: one from 
ICES (2017) (Dutch waters) and a second one from the BENTHIS project for the Bay of 
Biscay. Information on longevity, burrowing depth and motility is common to both data 
bases, although modalities had to be matched and/or adjusted according to the case 
study in the Dutch EEZ (left hand side of Figure 5.3.5). 

 
Longevity (years)
<1
1-3
3-10
>10

Longevity (years)
<1 
1 – 2 
3 – 10 
>10 

Burrowing depth (cm)
0
0-5
5-10
10-15
>15

Sediment position (cm)
Surface 
0 – 5 cm 
5 – 10 cm 
>10 cm

Moving mode
Attached
Tubicolous
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Figure 5.3.5. Combining relevant traits information from various sources. 

Information on age at maturity, fragility and offspring type is not available for the Bay of 
Biscay study. Missing traits were therefore inferred. Age at maturity was obtained from 
the MERP Traits Explorer (). Fragility was inferred from trait information on morpholo-
gy, protection and living habit, and offspring type was inferred from modalities of larval 
development (right hand side of Figure 5.3.3). 

5.3.5.4 Distribution of indicator values 

Figure 5.3.6 illustrates the distribution of the indicator components. In both case studies, 
distributions are skewed to the left due to the dominance of organisms with low sensitiv-
ity and vulnerability. Multi-modality of recovery components is apparent for the Dutch 
fauna with isolated small modes towards larger indicator values.  
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Figure 5.3.6. Comparative distributions of the benthic indicator components from the two case studies. 
The two upper graphs display the distribution of the sensitivity and recovery components. The bot-
tom graph illustrates the distribution of the sum of both components. Distributions are displayed as 
density curves, i.e. a smooth approximation of the indices histograms.  

5.3.5.5 Response of the benthic indicator to bottom trawling 

a. Dutch EEZ 

The outcomes from the application of the benthic indicator to the Dutch EEZ are con-
sistent with theoretical predictions. Firstly, when removing confounding environmental 
effects, bottom trawling influenced the indicator components significantly (Table 5.3.3, 
Table 5.3.4 and Table 5.3.5; column “F|E”). Secondly, every significant response dis-
played in Figures 5.3.7 and 5.3.8 was negative, supporting the assumptions the indicator 
is based on.  
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Table 5.3.3. Variation partitioning of the different component combinations in the Dutch EEZ (whole 
area). Values represent the adjusted R² explaining the amount of variance of the response variable 
(SE, sensitivity component; RE, recovery component). Explanatory variables: E, environmental varia-
bles; F, fishing intensity; All, both; E|F, environment when removing fishing effect; E∩F, confounding 
effect; F|E, fishing when removing environmental effect. “ns”, not significant. Note that the con-
founding effect E∩F cannot be tested due to its null degree of freedom (Legendre and Legendre, 2012). 

 
Density Response E F All E|F E∩F F|E
Absolute individual density SE 0.708 0.255 0.715 0.461 0.248 ns

RE 0.848 0.461 0.853 0.391 0.457 ns
SE + RE 0.812 0.444 0.821 0.377 0.435 0.009
SE × RE 0.876 0.476 0.878 0.402 0.474 ns
SE + SE × RE 0.750 0.346 0.761 0.414 0.336 1.000
RE + SE × RE 0.851 0.464 0.855 0.391 0.460 ns
SE + RE + SE × RE 0.816 0.446 0.824 0.378 0.438 0.009

Absolute biomass density SE 0.150 0.122 0.254 0.132 0.018 0.104
RE 0.522 0.281 0.577 0.296 0.227 0.054
SE + RE 0.464 0.271 0.532 0.261 0.202 0.069
SE × RE 0.507 0.573 0.617 0.044 0.463 0.110
SE + SE × RE 0.226 0.320 0.360 ns 0.186 0.134
RE + SE × RE 0.511 0.303 0.570 0.267 0.243 0.060
SE + RE + SE × RE 0.513 0.290 0.571 0.281 0.231 0.077

Absolute species richness SE 0.827 0.346 0.824 0.478 0.348 ns
RE 0.902 0.443 0.901 0.458 0.444 ns
SE + RE 0.896 0.440 0.895 0.455 0.441 ns
SE × RE 0.926 0.592 0.928 0.336 0.590 ns
SE + SE × RE 0.865 0.412 0.863 0.452 0.414 ns
RE + SE × RE 0.908 0.457 0.908 0.451 0.458 ns
SE + RE + SE × RE 0.898 0.439 0.897 0.458 0.440 ns

Relative individual density SE 0.364 ns 0.401 0.371 NA 0.037
RE 0.829 0.394 0.836 0.443 0.386 0.008
SE + RE 0.789 0.407 0.812 0.406 0.383 0.023
SE × RE 0.829 0.477 0.835 0.358 0.472 ns
SE + SE × RE 0.543 0.278 0.598 0.320 0.223 0.055
RE + SE × RE 0.831 0.405 0.838 0.433 0.398 0.007
SE + RE + SE × RE 0.795 0.415 0.817 0.401 0.394 0.021

Relative biomass density SE 0.297 0.058 0.369 0.311 NA 0.073
RE 0.577 0.445 0.618 0.173 0.404 0.041
SE + RE 0.466 0.476 0.539 0.063 0.403 0.073
SE × RE 0.624 0.608 0.662 0.054 0.570 0.038
SE + SE × RE 0.294 0.273 0.383 0.110 0.183 0.089
RE + SE × RE 0.587 0.475 0.629 0.154 0.433 0.042
SE + RE + SE × RE 0.487 0.499 0.557 0.057 0.430 0.070

Relative species richness SE 0.384 ns 0.382 0.359 0.025 ns
RE 0.536 0.201 0.530 0.330 0.207 ns
SE + RE 0.590 0.195 0.586 0.390 0.199 ns
SE × RE 0.645 0.271 0.641 0.370 0.275 ns
SE + SE × RE 0.530 0.118 0.529 0.411 0.119 ns
RE + SE × RE 0.553 0.214 0.547 0.333 0.220 ns
SE + RE + SE × RE 0.598 0.208 0.594 0.385 0.212 ns   
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Table 5.3.4. Variation partitioning of the different component combinations in the shallow sandy 
habitat from the Dutch EEZ. See legend of Table 5.3.3 for details. 

Density Response E F All E|F E∩F F|E
Absolute individual density SE 0.704 0.189 0.695 0.506 0.198 ns

RE 0.680 0.302 0.682 0.380 0.300 ns
SE + RE 0.704 0.251 0.700 0.449 0.255 ns
SE × RE 0.826 0.365 0.829 0.464 0.361 ns
SE + SE × RE 0.720 0.210 0.712 0.502 0.218 ns
RE + SE × RE 0.693 0.311 0.695 0.385 0.308 ns
SE + RE + SE × RE 0.710 0.259 0.707 0.448 0.262 ns

Absolute biomass density SE 0.455 ns 0.438 0.448 0.007 ns
RE 0.339 ns 0.329 0.297 0.042 ns
SE + RE 0.391 ns 0.380 0.361 0.030 ns
SE × RE 0.496 0.269 0.480 0.211 0.284 ns
SE + SE × RE 0.443 ns 0.426 0.402 0.041 ns
RE + SE × RE 0.334 ns 0.324 0.283 0.051 ns
SE + RE + SE × RE 0.446 ns 0.438 0.400 0.046 ns

Absolute species richness SE 0.838 0.436 0.835 0.399 0.439 ns
RE 0.813 0.528 0.807 0.279 0.534 ns
SE + RE 0.833 0.519 0.827 0.309 0.524 ns
SE × RE 0.956 0.680 0.955 0.275 0.681 ns
SE + SE × RE 0.868 0.500 0.866 0.366 0.502 ns
RE + SE × RE 0.835 0.550 0.830 0.280 0.555 ns
SE + RE + SE × RE 0.831 0.516 0.826 0.310 0.521 ns

Relative individual density SE 0.441 ns 0.521 0.492 0.000 0.079
RE 0.347 0.150 0.329 0.179 0.168 ns
SE + RE 0.402 0.135 0.434 0.299 0.103 ns
SE × RE 0.800 0.461 0.795 0.334 0.466 ns
SE + SE × RE 0.473 0.079 0.539 0.460 0.012 0.067
RE + SE × RE 0.373 0.190 0.356 ns 0.208 ns
SE + RE + SE × RE 0.414 0.169 0.441 0.272 0.142 ns

Relative biomass density SE ns ns ns ns 0.000 ns
RE 0.283 0.155 0.282 ns 0.156 ns
SE + RE 0.268 0.164 0.259 ns 0.172 ns
SE × RE 0.582 0.390 0.581 0.191 0.391 ns
SE + SE × RE ns 0.103 ns ns 0.132 ns
RE + SE × RE 0.341 0.195 0.342 ns 0.193 ns
SE + RE + SE × RE 0.318 0.199 0.312 ns 0.205 ns

Relative species richness SE ns ns ns ns 0.039 ns
RE 0.337 0.163 0.317 ns 0.183 ns
SE + RE 0.354 0.174 0.334 ns 0.195 ns
SE × RE 0.683 0.292 0.682 0.390 0.293 ns
SE + SE × RE 0.431 0.143 0.416 0.273 0.158 ns
RE + SE × RE 0.371 0.183 0.352 ns 0.203 ns
SE + RE + SE × RE 0.388 0.192 0.369 0.176 0.212 ns  
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Table 5.3.5. Variation partitioning of the different component combinations in the deep muddy habi-
tat from the Dutch EEZ. See legend of Table 5.3.3 for details. 

Density Response E F All E|F E∩F F|E
Absolute individual density SE 0.596 0.159 0.694 0.535 0.061 0.098

RE 0.630 0.356 0.647 0.291 0.339 ns
SE + RE 0.584 0.380 0.618 0.238 0.346 ns
SE × RE 0.664 0.344 0.671 0.327 0.336 ns
SE + SE × RE 0.514 0.334 0.595 0.262 0.252 0.082
RE + SE × RE 0.634 0.356 0.650 0.294 0.340 ns
SE + RE + SE × RE 0.590 0.379 0.621 0.243 0.347 ns

Absolute biomass density SE 0.419 0.447 0.490 ns 0.376 0.071
RE ns 0.157 0.157 ns 0.000 0.157
SE + RE ns 0.196 0.196 ns 0.000 0.196
SE × RE 0.478 0.568 0.564 ns 0.482 0.086
SE + SE × RE 0.422 0.567 0.512 ns 0.477 0.090
RE + SE × RE ns 0.191 0.267 ns 0.118 ns
SE + RE + SE × RE ns 0.227 0.274 ns 0.151 0.076

Absolute species richness SE 0.489 ns 0.473 0.438 0.051 ns
RE 0.438 0.241 0.438 0.197 0.241 ns
SE + RE 0.434 0.234 0.425 0.191 0.242 ns
SE × RE 0.522 0.497 0.580 ns 0.439 0.058
SE + SE × RE 0.543 0.148 0.529 0.381 0.162 ns
RE + SE × RE 0.456 0.270 0.461 0.191 0.265 ns
SE + RE + SE × RE 0.450 0.259 0.446 0.188 0.262 ns

Relative individual density SE 0.704 ns 0.720 0.745 0.000 ns
RE 0.727 0.255 0.720 0.465 0.262 ns
SE + RE 0.697 0.292 0.693 0.400 0.296 ns
SE × RE 0.731 0.265 0.724 0.459 0.272 ns
SE + SE × RE 0.494 0.389 0.521 ns 0.363 ns
RE + SE × RE 0.730 0.257 0.723 0.466 0.264 ns
SE + RE + SE × RE 0.702 0.290 0.698 0.408 0.294 ns

Relative biomass density SE 0.697 0.438 0.722 0.284 0.412 ns
RE 0.286 0.354 0.349 ns 0.291 0.063
SE + RE 0.317 0.423 0.386 ns 0.354 0.069
SE × RE 0.604 0.584 0.642 ns 0.546 ns
SE + SE × RE 0.641 0.563 0.678 0.115 0.526 0.037
RE + SE × RE 0.324 0.390 0.387 ns 0.327 ns
SE + RE + SE × RE 0.352 0.448 0.418 ns 0.381 ns

Relative species richness SE 0.422 ns 0.403 0.346 0.076 ns
RE ns ns ns ns 0.000 ns
SE + RE ns ns ns ns 0.014 ns
SE × RE ns ns ns ns 0.037 ns
SE + SE × RE 0.361 ns 0.340 0.347 0.013 ns
RE + SE × RE ns ns ns ns 0.000 ns
SE + RE + SE × RE ns ns ns ns 0.009 ns  

 

At both spatial scales, densities derived from biomass were the most responsive (Tables 
5.3.3 and 5.3.5), although very few responses were significant within the shallow sandy 
habitat (Table 5.3.4). Conversely, almost no significant relationship was found for the 
responses derived from absolute and relative species richness (computation based on 
presence/absence matrix). Globally, the amount of explained variance by the conditional 
fishing effect (F|E) is low due to strong confounding effects of environment and fishing 
intensity (E∩F). 
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Figure 5.3.7. Significant relationships between the components of the benthic indicator and fishing 
intensity over the entire Dutch EEZ (see Table 5.3.3). Graph titles: SE, sensitivity component; RE, 
recovery component; “add” for additivity, “int” for interactivity and “F” for full formula in Tables 3, 4 
and 5; “abs” for absolute faunal density, “rel” for relative faunal density; “ind” and “biom” for re-
spectively individual and biomass density. 

 

The responsiveness of the two individual components SE and RE are relatively even 
when considering the overall results, neither of the two being more often significant than 
the other. A few significant interactive effects were found, but they do not seem to in-
crease the amount of explained variance, individually considered or added to other com-
ponents. This suggests a relative functional independence of both sensitivity and 
recovery components. For instance, the highest amount of variance explained by F|E was 
found for the additive effect of both components in the deep muddy habitat (R² = 0.20, 
Table 5.3.5). Although a significant interactive effect was found (R² = 0.09), the full formu-
la yields a lower amount of explained variance (R² = 0.08). 
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Figure 5.3.8. Significant relationships between components of the benthic indicator and fishing inten-
sity within shallow sandy (“Sh.Sa”) and deep muddy (“De.Mu”) habitats of the Dutch EEZ (see Ta-
bles 5.3.4 and 5.3.5). See Figure 5.3.5 for description of remaining abbreviations.  

 

b. Bay of Biscay 

The outcomes from the application of the benthic disturbance to the French EEZ in the 
Bay of Biscay are also consistent with the theoretical predictions. There was no significant 
relationship between the benthic indicator and the bathymetry (all p-values > 0.05). Thus, 
the relationship between the benthic indicator and the fishing effort (at multiple spatial 
and temporal scales) was done directly, without partitioning the variance with the envi-
ronment. Given that multiple tests were conducted, we corrected the α threshold to ac-
count for Type-2-error (i.e. incorrectly retaining a false result). The effect of bottom 
trawling on the indicator components was significant at different scales (Table 5.3.6). The 
low amount of variance explained may be due to the relative low number of species in-
cluded in the analyses and notably the absence of species mostly sensitive to trawling 
(e.g. sea pens). Nevertheless, all the significant responses were as expected, systematical-
ly decreasing with fishing effort (Figure 5.3.9).  

The RE component responded more strongly to the fishing effort than the SE component 
in most of the significant relationships, suggesting that the benthic community included 
in the case study has been already exposed to chronic trawling pressure. 
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Table 5.3.6. Amount of variability (R2) explained by fishing effort at varying temporal (0 to 12 months: 
0 M, 3 M, 6 M and 12 M) and spatial (1 km and 5 km) integration (sum or mean) for the different com-
ponent combinations of the benthic indicator in the French EEZ.  

SE RE SE + RE SE * RE

VMS1km6Msum ns 0.12 0.06 ns

VMS1km6Mmean ns 0.11 0.03 ns

VMS5km0Msum 0.01 0.08 0.04 ns

VMS5km0Mmean 0.01 0.05 0.01 ns

VMS5km3Msum ns ns ns 0.02

VMS5km6Msum ns ns ns 0.04

VMS5km6Mmean ns ns ns 0.06

VMS5km12Msum ns 0.10 ns 0.05

VMS5km12Mmean ns 0.12 ns 0.05  
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Figure 5.3.9. Examples of relationship between the fishing effort (at various spatio-temporal scales) 
and the benthic indicator in the French EEZ of the Bay of Biscay.  
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Projection of the benthic indicator was done for the French EEZ in the Bay of Biscay using 
the interpolated maps of species developed by Ifremer (Ifremer, 2015). In this spatial 
representation the density of each species is interpolated over the entire sampling area of 
the scientific survey. For each species, the score of the benthic indicator is weighted by its 
density in each pixel and the sum of all the weighted scores is projected in a benthic sen-
sitivity map (Figure 5.3.10). For the time being, one has to keep in mind that the map is 
based on only 36 species and that although general patterns can be observed, careful 
interpretation must be done given the need to add supplementary sensitive species. 
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Figure 5.3.10. Spatial distribution of the Benthic indicator in the Bay of Biscay based on the analysis of 
the 36 megabenthic species. The map is the sum of each species interpolated density distribution 
weighted by its benthic indicator. The indicator is proportional to the sensitivity to trawling, i.e. the 
higher the indicator values, the more sensitive the area concerned. 

 

5.3.6 Discussion 

Distribution of indicator values  

Our case study data sets are dominated by species that are relatively resilient or resistant 
to physical disturbance (i.e. low vulnerability) whereas there are only few vulnerable 
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species. This suggests that achieving a high indicator score would be possible in habitats 
dominated by these few vulnerable species. We would expect that applying the indicator 
in broader geographical/spatial/temporal contexts to reveal more diverse distributions of 
indicator values. It is possible that the skewed distribution of indicator values in our case 
studies is partly a result of several decades of intensive bottom trawling, and that another 
distributional pattern would have been expected under pristine conditions. 

Indicator sensitivity 

The distribution of indicator values (see above) suggests that even in habitats that have 
been exposed to chronic trawling pressure, the two components are sufficiently sensitive 
to detect differences in the effects of varying fishing intensities on benthic communities. 
The two habitats within the Dutch EEZ offer an interesting experimental design since 
resident species communities are differently affected by bottom trawling intensity (ICES, 
2017). The results obtained for the SE and RE components corroborate this observation.  
Highest significant responses were observed in the deep muddy habitat where communi-
ties are more vulnerable although exposed to lower trawling intensities (ICES, 2017). The 
shallow sandy habitat is characterized by natural stress imposed by high water velocities 
and mobile sands that favour species that are resistant and resilient to frequent natural 
disturbance. The two sole significant responses from this habitat, SE and SE+SE×RE 
(based on relative individual density), reflect the resilience of the fauna (Table 5.3.2). 

The lack of significant responses from species richness suggests that all combination of 
SE and RE values can be encountered in any community. However, species rich commu-
nities are generally encountered under environmental conditions that benefit the settle-
ment of most species. Biotic interactions and rare disturbance events are then the primary 
factors controlling the number of species. The Dutch deep muddy habitat is a typical 
example of such communities. Here, most species mature late, so that we would expect 
RE to respond significantly. In general, most organisms in species-rich benthic communi-
ties tend to occur close to the sediment surface, with possibly high SE values. The long-
term trawling pressure on the habitats studied could simply have selected the less ex-
posed species so that SE and RE functionalities could remain similar over the whole spe-
cies richness gradient. 

Experimental constraints 

The case study areas have been affected by bottom trawling for several decades, which 
imposes strong experimental constraints on testing the indicator. An additional con-
straint is the presence of large confounding effects that precludes reliable estimates of the 
real amount of variance explained by fishing. This results in low variances purely ex-
plained by fishing intensity because the fishing effort follows the natural gradients (i.e. 
primary productivity). However, this might not apply elsewhere. Our result does not 
imply that the benthic indicator performs badly, as it is sufficiently sensitive to detect 
differences in trawling pressure against a background of environmental variability (see 
above). 

Removal of environmental variance 

The slope of the relationship between indicator values and fishing pressure is not affect-
ed by the removal of environmental variance (in the computational procedure of varia-
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tion partitioning from Legendre and Legendre (2012)). The explained variance in the 
variation partitioning accounts for the likelihood of trawling effect, but is constrained by 
confounding effect, whereas the slope of the relationship might be more pertinent to as-
sess the responsiveness of the indicator components. Future investigation should focus 
on this aspect. 

5.3.7 The future 

Future investigations of WGBIODIV will focus on comparison of indicator values of ben-
thic invertebrate assemblages (infauna derived from grabs and cores, and megafauna 
derived from trawls) from spatially extensive surveys. WGBIODIV will carry out meta-
analyses of these data to compare the distribution of indicator values between different 
geographical areas and, for some locations, over time. We intuitively expect that assem-
blages from heavily trawled areas will have higher proportions of organisms resilient to 
trawling disturbance than areas where trawling pressure is lower, but we have no a priori 
expectation of the precise nature of trawl effects (i.e. the distribution of indicator values). 

Specific hypotheses that could be tested include: 

H1: Assemblages of the same broad group of animals (i.e. benthic infauna or benthic 
megafauna) do not respond differently to trawl disturbance (i.e. there is a generalised 
response with the proportion of resilient organisms increasing with increasing trawling 
pressure). 

H2: The indicator distribution differs according to the environmental conditions that the 
assemblage normally experiences (i.e. high proportion of resilient organisms in areas 
that experience high levels of natural physical disturbance). 

H3: Assemblages from different habitats, experiencing different levels of natural physical 
disturbance, do not respond differently to trawl disturbance (i.e. there is a generalised 
response with the proportion of resilient organisms increasing with increasing trawling 
pressure). 
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6 Cooperation 

During the 2016–2018 working cycle, WGBIODIV was readjusting its objectives. There 
has been no outreach to other ICES working groups, which could be improved once more 
products (indicators, maps, study results) from the current and future ToRs (2019–2021) 
are available.  

7 Summary of Working Group self-evaluation and conclusions 

WGBIODIV decided to issue a resolution for another three-year working period to com-
plete the promising work on the benthic response indicators, diversity of trophic guilds 
and indicator development protocol. 
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Annex 1: Lists of participants 

WGBIODIV 08–12.02.2016, Donostia (San Sebastian), Spain 
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WGBIODIV, 06–10.02.2017, Venice, Italy 
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ICES WG BIODIV 2018 (from left to right): Oscar Bos, Andrea Belgrano, Felipe Artigas, Christopher 
Lynam, Nikolaus Probst, Vicky Magath, Paul Somerfield, Anik Brind'Amour, Michaela 
Schratzberger, Simon Greenstreet, Olivier Beauchard (not in this photo: Henrike Rambo (photo: Terhi 
Minkkinen, ICES). 
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Annex 2: Recommendations 

WGBIODIV does not issue any recommendations as a result from the work achieved 
between 2016 and 2018, as further work is needed to consolidate the current achieve-
ments. 
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Annex 3: WGBIODIV draft resolution 2019–2021 

The Working Group on Biodiversity Science (WGBIODIV), chaired by Christopher 
Lynam, United Kingdom, and Andrea Belgrano, Sweden, will work on ToRs and gener-
ate deliverables as listed in the Table below. 

 
Meeting 
dates Venue Reporting details 

Comments (change in 
Chair, etc.) 

Year 
2019 

4–8 February Copenhagen, 
Denmark 

Interim report by 1 May  

Year 
2020 

  Interim report by   

Year 
2021 

  Final report by   

 

ToR descriptors 

ToR Description 
 

Background Science 
priorities 

Duration Expected 
Deliverables 
 

a Test the benthic response 
indicator:  
Capacity to support formal 
assessment and management 
advice  
Use the indicator to explore its 
effectiveness in different 
disturbance/environmental 
change scenarios 
Explore the utility of the 
indicator in a broader 
geographical context  

In the previous three-year 
term WGBIODIV concluded 
that indicators to assess 
biodiversity are not working 
because the lack a theoretical 
foundation. WGBIODIV 
addressed this problem by 
designing a trait-based 
sensitivity indicator of 
benthic communities. For 
example, establishment of 
pressure-state relationships, 
validation of indicator 
calculations and evaluation 
against the WGBIODIV 
indicator quality criteria is 
still pending. Indicator 
testing is the logical next 
step following the successful 
completion of the previous 
ToR.  

 3 years A tested and operational 
indicator of community 
response to ecosystem change.  

b Investigate mechanisms 
linking trophic guilds under 
contrasting levels of pressure 
and/or primary production in 
case study areas:  
Using diet/trait information, 
and both predator and prey 
abundance to estimate 
potential impact on prey due 
to consumption by predators.  

Understanding of pressure-
state relationships are 
fundamental to indicator 
assessments. However, as 
pressure is removed through 
management and 
ecosystems begin to recover, 
the nature and/or strength of 
previously defined pressure-
state relationships may 

 3 years Identify whether recovery of 
ecosystem components (e.g. 
predatory fish) can lead to 
depletion of prey groups such 
that natural processes 
dominate change. 
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Contrast risk due to natural 
mortality (consumption) with 
risk due to fishing pressure 
Project change in risk for prey 
groups due to increase in 
predator abundance or shifts 
in community composition as 
predator communities recover  
Clearly define roles of top 
down control and bottom up 
limitation at different trophic 
levels 

change.  
Climate change effects may 
further modify or mask the 
effects of anthropogenic 
pressures. 
This ToR will investigate 
responsiveness of indicators 
to pressure in regional seas 
where demersal fishing 
pressure has been reduced 
and temperature has 
increased.  

c Examine the efficacy of spatial 
management measures as 
means of conserving, 
protecting and promoting 
marine biodiversity 

The implementation of the 
management plans for the 
Natura 2000-sites is under 
way and will have 
substantial impacts on 
human activities, namely by 
spatial measures such as 
(partial) fisheries closures 
and marine reserves. 
However, the Habitat 
Directive addresses only a 
limited range of taxa i.e. 
excluding the majority of 
epibenthic species and 
marine fish. WGBIODIV 
considers it as important to 
know, how much the current 
MPA networks will 
contribute to the protection 
of these taxa. 

 3 years  Maps of biodiversity in selected 
marine regions to inform on 
occurrence of biodiversity and 
to guide spatial management 
for its conservation.  
 

d  Develop indicators on 
biological functioning 

Requested by SCICOM in 
January 2018 

 3 years WGBIODIV requests SCICOM 
to draft a precise ToR or to 
provide more detailed 
background, so that the group 
understands what is being 
asked of them.   

Summary of the Work Plan 

Year 1 Develop assessment targets for benthic response indicator; provide 
first analysis on trophic guilds and linkages to pressures; develop 
method to create and overlay single-species distributions 

Year 2 Final evaluation of benthic response indicator; progress analysis of 
trophic guilds vs. anthropogenic pressures; create maps of biodiversity 
hotspots 

Year 3 Finalise and evaluate work on trophic guild and hotspots 
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Supporting information 

Priority The current activities of this group will lead ICES into issues related to the 
integrated ecosystem assessments and the implementation of the ecosystem 
approach to marine management. Consequently, these activities are 
considered to have a very high priority. 

Resource requirements The research programmes which provide the main input to this group are 
already underway, and resources are already committed. The additional 
resource lies in the commitment of scientist from different member states to 
participate in the group. 

Participants Participation in WGBIODIV has slightly increased due to the outreach 
strategy of hosting meeting in Spain and Italy, thereby attracting scientist 
from host countries and Mediterranean area. 

Secretariat facilities None. 

Financial No financial implications. 

Linkages to ACOM and 
groups under ACOM 

There is a linkage to ACOM/SCICOM steering group Integrated Ecosystem 
assessments (IEA). The results of WGBIODIV are important to WGECO and 
may be of relevance for WGINOSE and WGIAB. 

Linkages to other 
committees or groups 

The outcomes of WGBIODV will be important to the ICES high priority work 
area ‘Marine Strategy Framework Directive (MSFD)’.  

Linkages to other 
organizations 

OSPAR, HELCOM, European Commission 
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Annex 4: WGBIODIV self-evaluation  

1 ) Working Group name: 
Working Group on Biodiversity Science 
 

2 ) Year of appointment: 
2015 

3 ) Current Chairs: 
Oscar Bos, Nikolaus Probst 

4 ) Venues, dates and number of participants per meeting:  
08–12.02.2016 San Sebastian (15), 
06–10.02.2017, Venice (19), 
05–09.02.2018, Copenhagen (12) 

WG Evaluation 

5 ) If applicable, please indicate the research priorities (and sub priorities) of the 
Science Plan to which the WG make a significant contribution. 
 

1 - Assess the physical, chemical and biological state of regional seas and investi-
gate the predominant climatic, hydrological and biological features and processes 
that characterise regional ecosystems 
5 - Quantify the role of structural and functional diversity in marine ecosystems in 
providing stability and resilience 
6 - Investigate linear and non-linear ecological responses to change, the impacts of 
these changes on ecosystem structure and function and their role in causing re-
cruitment and stock variability, depletion and recovery 
7 - Develop end to end modelling capability to fully integrate natural and anthro-
pogenic forcing factors affecting ecosystem functioning 
9 - Identify indicators of ecosystem state and function for use in the assessment 
and management of ecosystem goods and services 
11 - Develop methods to quantify multiple direct and indirect impacts from fisher-
ies as well as from mineral extraction, energy generation, aquaculture and other 
anthropogenic activities and estimate the vulnerability of ecosystems to such im-
pacts. 
14 - Evaluate ecological, economic and social trade-offs between ecosystem protec-
tion and sustainable use to advise on management of human activity in marine 
ecosystems 
15 - Develop tactical and strategic models to support short and long term fisheries 
management and governance advice and increasingly incorporate spatial compo-
nents in such models to allow for finer scale management of marine habitats and 
populations 
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16 - Quantify and map biological, ecological and environmental values with an 
aim to optimize ecosystem use and minimize environmental impacts in relation to 
ecosystem carrying capacity 
18 - Identify objectives for IEA's that address ecosystem stability and health, taking 
cognizance of ecological, social and economic sustainability goals as well as multi 
scale issues. 
19 - Identify issue based ecosystem questions relevant to science and management 
needs that can be addressed by developing IEA's 
22 - Determine and demonstrate what modelling and analytical approaches will al-
low projections of ecosystem states in IEA's 

 
6 ) In bullet form, list the main outcomes and achievements of the WG since their 

last evaluation. Outcomes including publications, advisory products, 
modelling outputs, methodological developments, etc. 

• Development of benthic response indicator 
• Review and analysis on impacts of sampling effort on diversity metrics 
• Generic protocol on conceptual indicator development 
• Two publications 

o Probst, W. N., Lynam, C. P. 2016. Aggregated assessment results depend on 
aggregation method and framework structure - a case study within the 
European Marine Strategy Framework Directive. Ecological Indicators, 61: 
871–881. 

o Rambo, H., Stelzenmueller, V., Greenstreet, S.P.R., Moellmann, C. 2017. 
Mapping fish community biodiversity for European marine policy 
requirements. ICES Journal of Marine Sciences, 74: 2223–2238 

 
7 ) Has the WG contributed to Advisory needs? If so, please list when, to whom, 

and what was the essence of the advice.  
Not specifically.  
 

8 ) Please list any specific outreach activities of the WG outside the ICES network 
(unless listed in question 6). For example, EC projects directly emanating from 
the WG discussions, representation of the WG in meetings of outside 
organizations, contributions to other agencies’ activities.  
 

Theme session on measuring and assessing biodiversity was held at ICES 
ASC 2015, Copenhagen. WGIODIV also decided to meet in a non-ICES 
country (Italy) to attract the expertise of Mediterranean colleagues.   
 

9 ) Please indicate what difficulties, if any, have been encountered in achieving 
the workplan.  
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Completing the final report after a three-year term was challenging, as the par-
ticipation of some group members was irregular and coordinating the interses-
sional work has been proven as difficult. For some topics the meetings did not 
provide enough time to go through all produced text and hence the full report 
could not be discussed in plenary. As some members were only attending one 
meeting of the three-year cycle, it was also not easy to decide whether to keep 
their contribution in the final report. To widen the scope of WGBIODIV, our 
work could benefit from the expertise of Canadian and US members.  

Future plans 

10 ) Does the group think that a continuation of the WG beyond its current term is 
required? (If yes, please list the reasons)  
 
Yes, because the indicator concepts need to be operationalised and applied to 
different marine regions. Therefore, the work from previous three-year term 
has built a valuable foundation for newly proposed ToRs (ToR 1&2). Addi-
tionally, a new ToR (ToR3) on implication of spatial management measures 
has been included. 
 

11 ) If you are not requesting an extension, does the group consider that a new WG 
is required to further develop the science previously addressed by the existing 
WG.  
 
Not applicable, because WGBIODIV should be extended. 

 
12 ) What additional expertise would improve the ability of the new (or in case of 

renewal, existing) WG to fulfil its ToR?  
 
The inclusion on wider expertise on different taxa and marine regions (espe-
cially the Mediterranean, Baltic Sea and North America) is desirable. There is 
still a major focus on benthos and fish communities in the North Sea. Also 
members with expertise in spatial statistics and conservation planning would 
be highly welcome.  
 

13 ) Which conclusions/or knowledge acquired of the WG do you think should be 
used in the Advisory process, if not already used? (please be specific) 
 
Consider how WGBIODIV indicator concepts (and eventually indicator as-
sessments), once further validated and applied in case studies, could be in-
cluded into the ICES ecosystem overviews. 
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