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Abstract :   
 
Global change is increasing biotic homogenisation globally, which modifies the functioning of ecosystems. 
While tendencies towards taxonomic homogenisation in biological communities have been extensively 
studied, functional homogenisation remains an understudied facet of biodiversity. Here, we tested four 
hypotheses related to long‐term changes (1991 ‐ 2016) in the taxonomic and functional arrangement of 
freshwater macroinvertebrate assemblages across space and possible drivers of these changes. Using 
data collected annually at 64 river sites in mainland New Zealand, we related temporal changes in 

taxonomic and functional spatial β‐diversity, and the contribution of individual sites to β‐diversity, to a set 
of global, regional, catchment and reach‐scale environmental descriptors.  
 

We observed long‐term, mostly climate induced, temporal trends towards taxonomic homogenisation but 
functional differentiation among macroinvertebrate assemblages. These changes were mainly driven by 
replacements of species and functional traits among assemblages, rather than nested species loss. In 
addition, there was no difference between the mean rate of change in the taxonomic and functional facets 

of β‐diversity.  
 
Climatic processes governed overall population and community changes in these freshwater ecosystems, 
but were amplified by multiple anthropogenic, topographic, and biotic drivers of environmental change, 
acting widely across the landscape. The functional diversification of communities could potentially provide 
communities with greater stability, resistance, and resilience capacity to environmental change, despite 
ongoing taxonomic homogenisation. Therefore, our study highlights a need to further understand temporal 
trajectories in both taxonomic and functional components of species communities, which could enable a 
clearer picture of how biodiversity and ecosystems will respond to future global changes. 
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1 - Abstract
Global change is increasing biotic homogenisation globally, which modifies the functioning of ecosystems. 

While tendencies towards taxonomic homogenisation in biological communities have been extensively 

studied, functional homogenisation remains an understudied facet of biodiversity. Here, we tested four 

hypotheses related to long-term changes (1991 - 2016) in the taxonomic and functional arrangement of 

freshwater macroinvertebrate assemblages across space and possible drivers of these changes. Using data 

collected annually at 64 river sites in mainland New Zealand, we related temporal changes in taxonomic 

and functional spatial β-diversity, and the contribution of individual sites to β-diversity, to a set of global, 

regional, catchment and reach-scale environmental descriptors. 

We observed long-term, mostly climate induced, temporal trends towards taxonomic homogenisation but 

functional differentiation among macroinvertebrate assemblages. These changes were mainly driven by 

replacements of species and functional traits among assemblages, rather than nested species loss. In 

addition, there was no difference between the mean rate of change in the taxonomic and functional facets of 

β-diversity. 

Climatic processes governed overall population and community changes in these freshwater ecosystems, 

but were amplified by multiple anthropogenic, topographic, and biotic drivers of environmental change, 

acting widely across the landscape. The functional diversification of communities could potentially provide 

communities with greater stability, resistance, and resilience capacity to environmental change, despite 

ongoing taxonomic homogenisation. Therefore, our study highlights a need to further understand temporal 

trajectories in both taxonomic and functional components of species communities, which could enable a 

clearer picture of how biodiversity and ecosystems will respond to future global changes.

Keywords 

β-diversity; Biotic homogenisation; Freshwater macroinvertebrates; Functional diversity; Climate change; 

Human disturbance

2 – Introduction
Global environmental changes are reducing biodiversity globally and altering the functioning of 

ecosystems through time, primarily through habitat change, pollution and degradation (Cardinale et al., 

2012; Hooper et al., 2012; Lefcheck et al., 2015). These processes are altering the distribution of species 

and the arrangement of communities across the landscape. At the global scale, native species extirpations 

exceed species colonisations (Jarzyna & Jetz, 2018; Sobral, Lees, & Cianciaruso, 2016; Urban, 2015). 

Consequently, observations often indicate that human induced environmental changes homogenise A
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biodiversity (i.e. reduces spatial β-diversity) through time (Clavel, Julliard, & Devictor, 2011; Gámez-

Virués et al., 2015; Iacarella et al., 2018; Magurran, Dornelas, Moyes, Gotelli, & McGill, 2015). The 

ecological and evolutionary consequences of this biotic homogenisation include reducing overall 

community and ecosystem functioning (Tilman et al., 1997), stability (Sankaran & McNaughton, 1999), 

resilience (de Juan, Thrush, & Hewitt, 2013) and resistance to environmental change by narrowing the 

available range of species-specific responses to disturbances (sensu Mouillot, Graham, Villéger, Mason, 

and Bellwood (2013)) (McKinney & Lockwood, 1999; Olden, 2006; Olden, Poff, Douglas, Douglas, & 

Fausch, 2004). Empirical biodiversity trends are however highly complex, and reports of a global 

biodiversity crisis are often seemingly contradictory to documented trends, including increases in β-

diversity in response to anthropogenic disturbances (Gutiérrez‐Cánovas, Millán, Velasco, Vaughan, & 

Ormerod, 2013; Hawkins, Mykrä, Oksanen, & Vander Laan, 2015). These latter observations imply that 

environmental changes may not always result in habitat simplification, and that a more general and 

comprehensive understanding of the factors that influence temporal changes in β-diversity is needed. 

A trend towards taxonomic homogenisation (i.e. an increase in the similarity of species composition among 

species assemblages over time) has been demonstrated for many taxonomic groups across the globe 

(Haslem, Nimmo, Radford, & Bennett, 2015; Kuczynski, Legendre, & Grenouillet, 2018; Magurran et al., 

2015). Taxonomic diversity is, however, often recognised as providing only limited insight into the impacts 

of disturbance on ecosystem functioning, which may be better predicted using functional trait‐based 

estimates of biodiversity (Gagic et al., 2015; Mouillot et al., 2013; Tilman et al., 1997). Increases in the 

similarity of functional trait composition among species assemblages over time, leading to functional 

homogenisation, are likely to decrease the resistance and resilience capacity of communities facing 

disturbances (Clavel et al., 2011; de Juan et al., 2013; Olden, 2006). However, in some cases, there may be 

no direct relationship between changes in taxonomic and functional β-diversity among species assemblages 

(Sonnier, Johnson, Amatangelo, Rogers, & Waller, 2014; Villéger, Grenouillet, & Brosse, 2014; White, 

Montgomery, Storchová, Hořák, & Lennon, 2018). For instance, assemblages that exhibit taxonomic 

homogenisation can be functionally differentiated if the newly introduced species in each assemblage are 

functionally dissimilar to each other (Villéger et al., 2014). Analyses of changes in functional β-diversity 

are therefore complementary to those of changes in taxonomic β-diversity (Sonnier et al., 2014; Villéger et 

al., 2014). 

In ecosystems, biodiversity patterns are structured by factors operating at multiple, nested spatial scales 

(Townsend, Dolédec, Norris, Peacock, & Arbuckle, 2003). At the global scale, climate is usually 

considered the predominant factor shaping biodiversity patterns, whilst at more local scales, factors 

including topography, land-use intensity and natural resource availability become increasingly important 

(Allan, Erickson, & Fay, 1997; Chase & Knight, 2013; Chase & Ryberg, 2004; Mykrä, Heino, & Muotka, A
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2007). For instance, an ecosystem might be buffered from the full magnitude of climate change by 

persisting in climate refugia (Hampe & Jump, 2011; Keppel et al., 2012; Roberts & Hamann, 2016). By 

contrast, local anthropogenic factors may interact with climate change processes to amplify their effects 

(Comte, Hugueny, & Grenouillet, 2016; Guo, Lenoir, & Bonebrake, 2018; Kuczynski et al., 2018). Hence, 

causal inferences on climate change effects in ecosystems may sometimes be difficult to distinguish from 

the potentially confounding effects of human driven local disturbances (Durance & Ormerod, 2009; Floury, 

Usseglio‐Polatera, Delattre, & Souchon, 2017; Radinger et al., 2017). However, attempts to disentangle the 

relative influence of global- to local-scale environmental drivers on the spatial arrangement of communities 

from both taxonomic and functional standpoints are lacking. This paucity of studies is particularly evident 

when considering how these patterns and relationships will change in response to global environmental 

change (Van Looy, Piffady, & Floury, 2017).

Here, we examined changes in the taxonomic and functional spatial β-diversity of freshwater 

macroinvertebrate assemblages in 64 New Zealand river sites over a 25-year period. Based on the 

knowledge gaps identified by Olden, Comte, and Giam (2018), we hypothesised an increasing taxonomic 

and functional homogenisation among freshwater macroinvertebrate assemblages (H1a and H1b, 

respectively). However, we hypothesised that the relationship between changes in each site’s contribution 

to taxonomic and functional β-diversity over time, would differ due to contrasting taxonomic and 

functional responses to the environment (H2; (Sonnier et al., 2014; Villéger et al., 2014)). Finally, we 

hypothesised that changes in climatic conditions over time would be the primary driver of observed 

changes in β-diversity (H3; (Chase & Knight, 2013; Chase & Ryberg, 2004)). 

3 – Methods

3.1 Macroinvertebrate community samples
Macroinvertebrate community samples were collected from 64 sites, located in 35 rivers (mean Strahler 

stream order = 6; max = 8, min = 3) of mainland New Zealand, between latitudes 46 and 35ᵒ S. Sampling 

surveys were conducted annually from 1991 to 2016, during late austral summers (February to April). 

These surveys were conducted for New Zealand’s National Rivers Water Quality Network (NRWQN, 

Smith and McBride (1990)), which was operated and maintained by the National Institute of Water and 

Atmospheric Research (NIWA). 

Sampling occurred under baseflow conditions (Q < Qmedian) no less than 4 weeks after a flood exceeding 

three times the median flow. Seven Surber samples (0.1 m2 and 250 µm mesh nets) were collected on all 

sampling occasions and macroinvertebrates were removed from the 0.1 m2 area in the sampler down to a 

depth of c. 10 cm from as many substrate types as possible. Macroinvertebrates were identified to the 

lowest practicable taxonomic level (mostly species or genus) following Quinn and Hickey (1990). The A
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same taxonomic resolution was maintained throughout the data set (Scarsbrook, Boothroyd, & Quinn, 

2000). Further information on site selection criteria, and sampling methodology are available in Smith and 

McBride (1990) and Davies‐Colley et al. (2011).

Macroinvertebrate species were described by functional traits related to morphology, mobility, life-history, 

dispersal strategies and resource acquisition methods, extracted from the New Zealand freshwater 

macroinvertebrate trait database (NIWA; 

https://niwa.co.nz/sites/niwa.co.nz/files/nz_trait_database_v19_2_18.xlsx). Trait combinations govern 

species interactions through potential competition for habitat and food, or species contribution to ecosystem 

functioning through nutrient cycling, dispersal and trophic control (Hevia et al., 2017; Sekercioglu, 2010). 

We used a total of 16 traits, divided into 59 modalities and fuzzy-coded from 0 to 3 following Chevenet, 

Doledec, and Chessel (1994) (Table S1.1; see also (Dolédec, Phillips, Scarsbrook, Riley, & Townsend, 

2006; Doledec, Phillips, & Townsend, 2011).

3.2 Environmental descriptors
Environmental characteristics to be used as predictors were grouped according to four different spatial 

scales: global, regional, catchment and reach scale (Table S1.2). Global-scale predictors used were 

temporal changes in air temperature and precipitation. At each site, we extracted daily values for the period 

1991-2016, from 5 km2 gridded layers of New Zealand, using NIWA’s Virtual Climate Station Network 

(VCSN; https://data.niwa.co.nz/). We then regressed annual and seasonal (for the winter, spring and 

summer seasons) mean precipitation, precipitation variability (i.e. the coefficient of variation x 100), mean 

air temperature, and air temperature variability (i.e. the standard deviation of the mean) against time and 

used the slopes of each linear regression as estimates of temporal change. Principal Component Analyses 

(PCA; Pearson (1901)) were applied individually to air temperature and precipitation variables to reduce 

the multidimensionality and to eliminate multicollinearity within groups. We scaled all variables prior to 

PCAs and interpreted the respective first two axes of each PCA as synthetic descriptors of (1) changes in 

air temperature (TMean), (2) changes in air temperature seasonality (TSeas) (3) changes in precipitation 

seasonality (Prec CV) and (4) changes in precipitation (Prec; Table S1.3). 

Regional scale predictors were described using four variables, reflecting landscape features that stretch 

beyond catchment boundaries. Altitude (m) at the sampling site, phosphorus and calcium concentrations 

and mean hardness (induration) in surface rocks of the upstream catchment (USPhosphorus, USCalcium 

and USHardness respectively). These variables were extracted for each site from the Freshwater 

Environments of New Zealand (FENZ) geodatabase, based on a thirty metre Digital Elevation Model 

(Leathwick et al., 2010), using ArcGIS version 10.7 (Esri, 2020). A
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For catchment-scale predictors, we used the proportion of upstream catchment covered by six land-cover 

types (intensive agriculture, light pastoral areas, native forest, urban areas, scrub and shrub cover and exotic 

forest; Table S1.2). We used static, spatial descriptors of land-cover in lieu of estimates of temporal 

changes in land-cover, as these were found to be major correlates of both spatial and temporal changes in 

the water-quality of New Zealand’s freshwater systems (Julian, de Beurs, Owsley, Davies-Colley, & 

Ausseil, 2017; Snelder, Larned, & McDowell, 2018). We created the land cover types by aggregating fine-

scale individual classes of the 75 land-cover classes from the New Zealand Land Cover database version 

4.1 (Landcare Research 2015; Table S1.2). The six land-cover metrics were then ordinated using PCA, and 

the first two axes retained as synthetic land-use predictors (Land-use 1 and Land-use 2 respectively; Table 

S1.3). Area of the upstream catchment (km²; USCatchArea) and the average slope of the upstream 

catchment (degrees; USAvgSlope) from each river segment were also used as catchment-scale predictors.

Finally, reach-scale descriptors were defined by the slope (degrees) of the stream segment at each sampling 

site (SegSlope; Leathwick et al. (2010), the predicted wetted river width (metres) at the 7-day mean annual 

low flow (WidthMALF; Booker (2015), the estimated proportion of riparian shading at each river segment 

(SegRipShade; Leathwick et al. (2010) and temporal changes (1991-2016) in median annual values (mg.m-

3) of nitrate (NO3-N), ammoniacal-nitrogen (NH4-N), dissolved reactive phosphorus (DRP) and dissolved 

oxygen (DO) concentrations and water clarity (metres; CLAR). Water quality variables were log10-

transformed prior to calculating temporal changes, which were then ordinated using PCA. The first axis 

was retained as a synthetic predictor of temporal changes in water quality (WQ; Table S1.3).

The final set of environmental variables consisted of 16 predictors which were not highly correlated 

(Pearson’s |r| < 0.65; Figure S1.1; Zuur, Ieno, and Elphick (2010)).

3.3 β - diversity measures
To evaluate temporal changes in taxonomic and functional spatial β-diversity we first log (x + 1) 

transformed macroinvertebrate abundances, and replaced the species by site matrix by a community-level 

(abundance) weighted means of functional trait values (CWM; Lavorel et al. (2008)) by site matrix for 

functional β - diversity analyses. We then measured β-diversity as the dissimilarity among all pairs of 

sampled sites (n = 64) at each annual time step using the percentage difference index (%diff; Odum (1950); 

commonly referred to as Bray-Curtis dissimilarity). The percentage difference index between observation 

Sj and Sk is defined as:

%diff =
(B + C)

(2A + B + C)

where A is the total abundance of all species found in both Sj and Sk, B is the total abundance of all species 

unique to Sj and C the abundance of each species unique to Sk. To assess the total variation in composition, A
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we first computed the total sum of squares (SStotal) of the dissimilarity matrix by summing the 

dissimilarities in the lower triangular matrix and dividing it by the number of observations N. We then 

computed total β-diversity (BDTotal) for the North and South Island individually, by dividing SStotal by N – 1 

(Legendre, Borcard, & Peres-Neto, 2005; Legendre & De Cáceres, 2013).

We also measured temporal β - diversity for both islands individually using multiple-year and pairwise 

dissimilarity of all pairs of sampled years, by aggregating all samples across all sites (N=64) for each 

individual year (N=25). Pairwise β‐diversity metrics and multi-site β‐diversity metrics (i.e. spatial 

β‐diversity aggregated across multiple sites) have been shown to reveal different patterns (Andrés Baselga, 

2010, 2013a). To test whether temporal variations in β-diversity were mainly due to compensatory changes 

in abundances or fluctuations in total community abundance, we partitioned total β-diversity into two 

components, namely abundance replacement (βrep) and abundance difference components (βdiff) following 

Andrés Baselga (2013b), Legendre (2014) and Andrés Baselga (2017) as:

βrep =
2min(B,C)

(2A + B + C)

and 

βdiff =
|B ―  C|

(2A + B + C)

Their contributions to total β - diversity were measured by computing the total sums of squares of each 

matrix and dividing them by N – 1. 

Finally, to test the extent to which each sampled site contributed to long-term homogenisation or 

differentiation, we calculated temporal changes in the Local Contribution to Βeta Diversity (LCBD; 

Legendre and De Cáceres (2013) of each community. LCBD indicates how unique an observation of 

macroinvertebrate composition is, by assessing its contribution to the total variation in community 

composition (Legendre & De Cáceres, 2013). LCBD has been found to vary considerably through time in 

stream ecosystems (Li, Tonkin, & Haase, 2020). We measured LCBD directly from the dissimilarity matrix 

of all observations as the diagonal elements of the matrix containing the centred dissimilarities, divided by 

SStotal. We then assessed temporal changes in LCBD at each site using the slope of a linear regression 

against years. Differences in the magnitude of temporal changes between taxonomic and functional LCBDs 

were tested for significance using paired samples t-tests.
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3.4 Drivers of observed changes
Hierarchical Generalised Additive Mixed effects Models (GAMMs) were built to relate temporal changes 

in taxonomic and functional LCBD to global, regional, catchment and reach-scale processes respectively. 

Every variable (responses and predictors) were Box-Cox transformed and later standardised to their mean, 

one-unit variance. GAMMs were fitted with catchments nested within islands as random effects, using 

regression splines to account for potential non-linear relationships and restricted maximum likelihood 

(REML) to optimize the parameters estimates. For each change in LCBD, changes were primarily modelled 

against global climate change descriptors. We kept only the variables that maximised the coefficient of 

determination (adjusted-R2) as the best model (Floury, Souchon, & Looy, 2018; Van Looy et al., 2017). 

The relative importance of each variable in the model was assessed following methods described in Kuhn 

(2012). The same step was followed in a descendant way, using successively regional, catchment and reach 

scale descriptors as predictor variables and the residuals from the previous model as response variable. A 

smooth product between latitude and longitude was explored as a predictor variable using the residuals 

from the reach-scale models to account for spatial autocorrelation (S. N. Wood, 2017). However, residual 

spatial autocorrelation was not observed (p > 0.05 for every model). Statistical analyses were all performed 

under the R environment (version 3.6.2; R Core Team, 2020). CWMs were calculated using the FD 

package (Laliberté, Legendre, Shipley, & Laliberté, 2014), BDTotal and LCBD with the adespatial package 

(Dray et al., 2017), β-diversity partitioning with the betapart package (Andres Baselga et al., 2018), 

GAMMs using the mgcv package (S. Wood & Wood, 2015) and the relative influences of the 

environmental variables in the GAMMs with the caret package (Kuhn et al., 2020).

4 – Results

4.1 Changes in taxonomic and functional β-diversity
We observed overall tendencies towards taxonomic homogenisation but functional differentiation of 

macroinvertebrate communities on both islands of New Zealand (Figure 2A and B). Spatial taxonomic β-

diversity declined over the 25-year period in the South Island (R2 = 0.19, F = 11.84, p < 0.01), but not on 

the North Island (p = 0.407). In contrast, functional β-diversity increased on the North Island (R2 = 0.33, F 

= 24.62, p < 0.001) but less so on the South Island (R2 = 0.069, F = 3.694, p = 0.06). 

Multiple-year and pairwise temporal β-diversity measures were highly similar on both islands and mainly 

driven by replacements of species abundances and functional traits among communities, rather than 

unidirectional abundance differences (Table 1). However, abundance replacements were much higher for 

taxonomic β-diversity (Multiple-year values: βrep = 61.1 % on both islands; βdiff = 11.1% and 11.2% for the 

North and the South Island respectively; Average pairwise dissimilarity: βrep = 37.2% and 39.2%; βdiff = 

20.8% and 21.1% for the North and the South Island respectively. Table 1) than for functional β-diversity A
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(Multiple-year dissimilarity: βrep = 20.4% and 21.1%, βdiff = 17% and 16%; Average pairwise dissimilarity: 

βrep = 12% and 16.4%, βdiff  = 17.7% and 20.3%, for the North and the South Island respectively; Table 1).

Finally, only 44% of the sites exhibited decreasing taxonomic LCBD, 56% showing flat trends or 

increasing taxonomic LCBD (Figure 3A), and 56% exhibiting decreasing functional LCBD – 44% showing 

flat trends or increasing functional LCBD (Figure 3B). 

4.2 Relationship between changes in taxonomic and functional local contribution to β-

diversity
Changes in taxonomic and functional LCBD were weakly positively correlated on the South Island (R2 = 

0.11, p = 0.07; Figure 4A), but not on the North Island (p = 0.69; Figure 4A). Over both islands, 36% of the 

sites experienced increasing taxonomic LCBD but decreasing functional LCBD, whereas only 11% of the 

sites experienced increasing functional LCBD but decreasing taxonomic LCBD. Equal amounts (26%) of 

the remaining sites exhibited increasing or decreasing taxonomic and functional LCBD. In addition, there 

were no differences between changes in taxonomic and functional LCBD for all pairs of samples and on 

both islands individually (0.20 < p < 0.76; Figure 4B).

4.3 Drivers of observed changes
Hierarchal GAMMs explained 38% of the temporal changes for both taxonomic and functional LCBD 

(Table 2). Changes in taxonomic LCBD were mostly driven by global-scale variables (R2 = 0.25) and 

further influenced by catchment- (R2 = 0.07) and reach-scale descriptors (R2 = 0.07; Table 2). Changes in 

functional LCBD mostly responded to global- (R2 = 0.23) and catchment-scale descriptors (R2 = 0.21; 

Table 2).

Eleven drivers of change in taxonomic LCBD were selected in the GAMMs (Figure 5). These were: 

changes in precipitation seasonality (% of relative influence = 20.7), changes in air temperature (15.6%), 

altitude (12.1%), stream segment wetted river width at the 7-day mean annual low flow (11.2%), changes in 

precipitation (11.1%), stream segment slope (10.7%), upstream calcium concentration in surface rocks 

(7.8%), land-use intensity (Land-use 1: 5.8%; Land-use 2: 5.7%;), upstream catch area (5.4%) and 

upstream average slope (4.9%). 

By contrast, changes in functional LCBD were driven by seven variables (Figure 5). Specifically, upstream 

catchment average slope (23.91%), changes in precipitation (22.4%), changes in air temperature (16.8%), 

land-use intensity (Land-use 1 and Land-use 2; 10.3% and 8.6% respectively), changes in temperature 

seasonality (9.2%), and upstream concentration of calcium in surface rocks (8.8%).  Marginal effects plots 

of these relationships are presented in Figure S3.1.      
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5 – Discussion 
Our analyses revealed large-scale declines in taxonomic β-diversity but concurrent rises in functional β-

diversity over the 25-year study period, which only partially supports our first hypothesis (fulfilling H1a but 

rejecting H1b). As expected, we found a weak relationship between changes in each site’s contribution to 

taxonomic and functional β-diversity (accepting H2). In addition, the mean rate of temporal change in these 

two metrics did not differ. Finally, our results support H3 with global scale climatic factors being the 

primary determinants of the observed changes in taxonomic and functional β-diversity. 

The functional differentiation among freshwater macroinvertebrate assemblages over the 25-year period 

was contrary to our expectation. However, similar climate-induced large-scale increases in functional 

diversity of freshwater macroinvertebrates were also recently observed in rivers of France (Bruno et al., 

2019; Floury et al., 2018), and similar responses to climate change have been observed for other taxa and 

trophic levels globally (Araújo, Thuiller, & Pearson, 2006; Walther et al., 2002). In running waters, this 

climate-induced process could be due to the increasing prevalence of warm-water species in temperate 

systems, which are promoted by newly suitable (i.e. warmer) conditions (Buisson, Thuiller, Lek, Lim, & 

Grenouillet, 2008; Haase et al., 2019). Such a rise in functional β-diversity may also provide greater 

resilience and resistance capacity to macroinvertebrate communities facing disturbances (de Juan et al., 

2013; Isbell et al., 2015; Mori, Furukawa, & Sasaki, 2013; Van Looy et al., 2019). 

Although a relationship between temporal changes in taxonomic and functional LCBD was observed on the 

South Island, the pattern did not hold on the North Island. This discrepancy highlights the need to consider 

explicitly both the taxonomic and functional facets of biodiversity, as changes in functional β-diversity 

cannot necessarily be predicted by changes in taxonomic β-diversity (Baiser & Lockwood, 2011; Villéger 

et al., 2014; White et al., 2018). More importantly, 36% of the communities (measured as changes in their 

local contribution to β-diversity) in the present analyses, differentiated in taxonomic composition, but 

homogenised in functional composition with accrued time, as opposed to the rest of the communities. This 

may represent a key mechanism underlying the observed rise of generalist species and replacement of cold-

tolerant species with warm-tolerant species that is being observed in temperate macroinvertebrate 

communities (Floury et al., 2018; Haase et al., 2019; Van Looy, Floury, Ferréol, Prieto-Montes, & 

Souchon, 2016). That is, communities comprising functionally similar but taxonomically diverse species 

are being replaced by functionally diverse but taxonomically similar species, as observed here. 

Changes in precipitation seasonality was the most important correlate of taxonomic homogenisation. In 

contrast to temperature, which exhibited a consistent increase across all locations, changes in precipitation 

and precipitation seasonality were location-specific, with both increases and decreases present across the 

country (Fig. S2.2). These changes, whether an increase or a decrease, tended to reduce a site’s contribution A
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to β-diversity. Mainland New Zealand is composed of two mid-latitude islands, with a typically 

unpredictable climate (Tonkin, Death, Muotka, Astorga, & Lytle, 2018) and flashy river flow regimes 

(Winterbourn, Rounick, & Cowie, 1981) due to its oceanic position. The temporal turnover of stream 

communities in New Zealand streams tends to reflect this unpredictability, with limited intra-annual 

differentiation between seasons compared to trends in more predictable climates (Tonkin et al. 2017). 

However, our results indicate that patterns of precipitation seasonality in New Zealand has changed over 

this 25-year period, altering the spatial distribution of river macroinvertebrate communities through time. 

Similar climate driven environmental harshness has been observed not to only be important for dynamic 

systems like these, but also for other ecosystems worldwide. For instance natural flow intermittence is an 

important structuring agent for stream macroinvertebrate communities in Mediterranean streams (Belmar et 

al., 2019). Given the importance of natural cycles of flooding and drought in streams (Aspin et al., 2019; 

Aspin et al., 2018; Poff et al., 1997; Tonkin, Merritt, Olden, Reynolds, & Lytle, 2018), it stands to reason 

that patterns in precipitation seasonality play a key role in structuring stream macroinvertebrate species 

communities. 

Our results clearly highlighted a particularly dominant role of climate change, and less so land-use, in 

mediating changes in taxonomic and functional β-diversity of these river macroinvertebrate communities. 

These processes, together, contributed most of the relative influence explained by the variables in our 

models. Climate change, however, explained 3.6 times more of the variability in changes in taxonomic β-

diversity, and 1.3 times more in functional β-diversity, than land-use related variables. This is despite New 

Zealand having experienced one of the highest rates of agricultural land intensification over recent decades 

(OECD/FAO, 2015). However, we recognise that this result may be specific to our study area. For instance, 

the effects of climate change and land-use variables may have differed had we focused on streams of 

different realms (Heino, 2011) or size (Floury et al., 2018; Radinger & García‐Berthou, 2020). Moreover, 

although we examined the effects of different environmental scales in our models, our findings could relate 

to the spatial extent of our analyses (Hewitt, Thrush, & Lundquist, 2010; Jarzyna & Jetz, 2018; Wiens, 

1989). This can obscure the relative importance of anthropogenic factors that may only operate at local 

scales (Jouffray et al., 2019), such as human-induced flow alteration, eutrophication and sedimentation 

within single catchments. Whether a stronger anthropogenic signature would emerge at a finer extent of 

analyses, therefore, represents an important next step for future work that could better inform local 

community management.

The responses of communities to changes in climatic drivers were variable. Air temperature warming 

correlated with decreases in taxonomic and functional LCBD. However, decreasing precipitation correlated 

with decreasing taxonomic LCBD but increasing functional LCBD. Warming and decreasing precipitation 

theoretically reduces discharge, hence potentially reduces the connectivity among communities, but at the A
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same time may homogenise mesohabitats in these systems (Aspin et al., 2019; Aspin et al., 2018; Rahel, 

2002, 2007). Such a mechanism would support the expansion of functionally diverse but homogeneous 

species assemblages. By contrast, Villéger et al. (2014) observed greater functional homogenisation than 

taxonomic homogenisation in European freshwater fish assemblages under climate change due to range 

expansions in non-native species distributions within European water basins, which supported similar 

functions to native species. Elucidating which species and functional traits contributed to the changes in β-

diversity observed here, may allow further research to understand the evolutionary and ecological 

consequences of these changes in biodiversity. 

Climate models suggest river flow regimes will increase in variability as the climate continues to change 

(Arnell & Gosling, 2013; Kakouei et al., 2018; Schneider, Laizé, Acreman, & Florke, 2013), opening the 

door to questions of how freshwater macroinvertebrate communities will respond to more intensified and 

variable flow disturbances. Although these New Zealand streams have seen an increase in functional 

diversity over the 25-year period, more intensified disturbances are likely to suppress or overturn this trend 

(Domisch et al., 2013; Kakouei et al., 2018). For example, an increasing number of colonising warm-water 

species could promote further species losses, by competitive exclusion (Buisson et al., 2008; Radinger, 

Alcaraz‐Hernández, & García‐Berthou, 2019). Moreover, the resilience of stream biodiversity in the face of 

continued global change could also be reduced if spatial insurance effects become less effective, as large-

scale disturbances promote greater synchrony among ecosystems (Shanafelt et al., 2015). Our results 

therefore indicate that the responses of stream biodiversity to ongoing environmental change are overly 

complex with contrasting taxonomic and functional responses to change. The positive news of increasing 

functional β-diversity over time, which may provide a greater resilience capacity to communities despite 

taxonomic homogenisation, could only be a transient process that will be overturned in time. To better 

understand the biodiversity consequences of future global change, we need a greater uptake of studies 

exploring the combined and interacting responses of both taxonomic and functional components of 

biodiversity to ongoing environmental change. As river ecosystem reorganisation continues in the 

Anthropocene in response to climate change (Olden et al., 2018; Tonkin et al., 2019), the value of different 

ecosystem states and environmental management will likely hinge upon the capacity of those ecosystems to 

maintain key functional processes despite ongoing taxonomic homogenisation. 

Author contributions
TM, FS and PV compiled the data. TM and MF designed the study, computed analyses, and interpreted the 

results. TM and JDT wrote the manuscript with inputs from all co-authors.   

A
cc

ep
te

d 
A

rt
ic

le



This article is protected by copyright. All rights reserved

Acknowledgements
We thank Robert Davies-Colley and Andrew Tait for providing access to the NRWQN and VCSN 

databases respectively, and Sanjay Wadhwa for help with GIS. Thoughtful discussions with Tenna Riis, 

Elizabeth Graham, Richard Storey, Olivier Gauthier and Aurélien Boyé helped design the study. Comments 

from Kevin Collier, Judi Hewitt and an anonymous reviewer improved earlier versions of the manuscript. 

JDT is supported by a Rutherford Discovery Fellowship administered by the Royal Society Te Apārangi 

(RDF-18-UOC-007). 

Data accessibility 

The data that support the findings of this study are available from NIWA upon request. Restrictions apply 

to the availability of these data, which were used under license for this study. Data are available from the 

authors with the permission of NIWA.

A
cc

ep
te

d 
A

rt
ic

le



This article is protected by copyright. All rights reserved

6 – References 
Allan, D., Erickson, D., & Fay, J. (1997). The influence of catchment land use on stream integrity across multiple 

spatial scales. Freshwater Biology, 37(1), 149-161. 

Araújo, M. B., Thuiller, W., & Pearson, R. G. (2006). Climate warming and the decline of amphibians and reptiles in 

Europe. Journal of Biogeography, 33(10), 1712-1728. 

Arnell, N. W., & Gosling, S. N. (2013). The impacts of climate change on river flow regimes at the global scale. 

Journal of Hydrology, 486, 351-364. 

Aspin, T. W., Khamis, K., Matthews, T. J., Milner, A. M., O’callaghan, M. J., Trimmer, M., . . . Ledger, M. E. (2019). 

Extreme drought pushes stream invertebrate communities over functional thresholds. Global change biology, 

25(1), 230-244. 

Aspin, T. W., Matthews, T. J., Khamis, K., Milner, A. M., Wang, Z., O'callaghan, M. J., & Ledger, M. E. (2018). 

Drought intensification drives turnover of structure and function in stream invertebrate communities. 

Ecography, 41(12), 1992-2004. 

Baiser, B., & Lockwood, J. L. (2011). The relationship between functional and taxonomic homogenization. Global 

Ecology and Biogeography, 20(1), 134-144. 

Baselga, A. (2010). Partitioning the turnover and nestedness components of beta diversity. Global Ecology and 

Biogeography, 19(1), 134-143. 

Baselga, A. (2013a). Multiple site dissimilarity quantifies compositional heterogeneity among several sites, while 

average pairwise dissimilarity may be misleading. Ecography, 36(2), 124-128. 

Baselga, A. (2013b). Separating the two components of abundance‐based dissimilarity: balanced changes in 

abundance vs. abundance gradients. Methods in Ecology and Evolution, 4(6), 552-557. 

Baselga, A. (2017). Partitioning abundance‐based multiple‐site dissimilarity into components: Balanced variation in 

abundance and abundance gradients. Methods in Ecology and Evolution, 8(7), 799-808. 

Baselga, A., Orme, D., Villeger, S., De Bortoli, J., Leprieur, F., & Baselga, M. A. (2018). Package ‘betapart’. 

Belmar, O., Bruno, D., Guareschi, S., Mellado‐Díaz, A., Millán, A., & Velasco, J. (2019). Functional responses of 

aquatic macroinvertebrates to flow regulation are shaped by natural flow intermittence in Mediterranean 

streams. Freshwater Biology, 64(5), 1064-1077. 

Booker, D. J. (2015). Hydrological indices for national environmental reporting. . Retrieved from 

Bruno, D., Belmar, O., Maire, A., Morel, A., Dumont, B., & Datry, T. (2019). Structural and functional responses of 

invertebrate communities to climate change and flow regulation in alpine catchments. Global change 

biology, 25(5), 1612-1628. 

Buisson, L., Thuiller, W., Lek, S., Lim, P., & Grenouillet, G. (2008). Climate change hastens the turnover of stream 

fish assemblages. Global change biology, 14(10), 2232-2248. 

Cardinale, B. J., Duffy, J. E., Gonzalez, A., Hooper, D. U., Perrings, C., Venail, P., . . . Wardle, D. A. (2012). 

Biodiversity loss and its impact on humanity. Nature, 486(7401), 59. 

Chase, J. M., & Knight, T. M. (2013). Scale‐dependent effect sizes of ecological drivers on biodiversity: why 

standardised sampling is not enough. Ecology Letters, 16, 17-26. A
cc

ep
te

d 
A

rt
ic

le



This article is protected by copyright. All rights reserved

Chase, J. M., & Ryberg, W. A. (2004). Connectivity, scale‐dependence, and the productivity–diversity relationship. 

Ecology Letters, 7(8), 676-683. 

Chevenet, F., Doledec, S., & Chessel, D. (1994). A fuzzy coding approach for the analysis of long‐term ecological 

data. Freshwater Biology, 31(3), 295-309. 

Clavel, J., Julliard, R., & Devictor, V. (2011). Worldwide decline of specialist species: toward a global functional 

homogenization? Frontiers in Ecology and the Environment, 9(4), 222-228. 

Comte, L., Hugueny, B., & Grenouillet, G. (2016). Climate interacts with anthropogenic drivers to determine 

extirpation dynamics. Ecography, 39(10), 1008-1016. 

Davies‐Colley, R. J., Smith, D. G., Ward, R. C., Bryers, G. G., McBride, G. B., Quinn, J. M., & Scarsbrook, M. R. 

(2011). Twenty Years of New Zealand’s National Rivers Water Quality Network: Benefits of Careful Design 

and Consistent Operation 1. JAWRA Journal of the American Water Resources Association, 47(4), 750-771. 

de Juan, S., Thrush, S. F., & Hewitt, J. E. (2013). Counting on β-diversity to safeguard the resilience of estuaries. J 

PloS one, 8(6), e65575. 

Dolédec, S., Phillips, N., Scarsbrook, M., Riley, R. H., & Townsend, C. R. (2006). Comparison of structural and 

functional approaches to determining landuse effects on grassland stream invertebrate communities. Journal 

of the North American Benthological Society, 25(1), 44-60. 

Doledec, S., Phillips, N., & Townsend, C. (2011). Invertebrate community responses to land use at a broad spatial 

scale: trait and taxonomic measures compared in New Zealand rivers. Freshwater Biology, 56(8), 1670-1688. 

Domisch, S., Araújo, M. B., Bonada, N., Pauls, S. U., Jähnig, S. C., & Haase, P. (2013). Modelling distribution in E 

uropean stream macroinvertebrates under future climates. Global change biology, 19(3), 752-762. 

Dray, S., Blanchet, G., Borcard, D., Clappe, S., Guenard, G., Jombart, T., . . . Wagner, H. (2017). Adespatial: 

multivariate multiscale spatial analysis. R package version 0.0-9. In.

Durance, I., & Ormerod, S. (2009). Trends in water quality and discharge confound long‐term warming effects on 

river macroinvertebrates. Freshwater Biology, 54(2), 388-405. 

Floury, M., Souchon, Y., & Looy, K. V. (2018). Climatic and trophic processes drive long‐term changes in functional 

diversity of freshwater invertebrate communities. Ecography, 41(1), 209-218. 

Floury, M., Usseglio‐Polatera, P., Delattre, C., & Souchon, Y. (2017). Assessing long‐term effects of multiple, 

potentially confounded drivers in ecosystems from species traits. Global change biology, 23(6), 2297-2307. 

Gagic, V., Bartomeus, I., Jonsson, T., Taylor, A., Winqvist, C., Fischer, C., . . . Potts, S. G. (2015). Functional identity 

and diversity of animals predict ecosystem functioning better than species-based indices. Proceedings of the 

Royal Society B: Biological Sciences, 282(1801), 20142620. 

Gámez-Virués, S., Perović, D. J., Gossner, M. M., Börschig, C., Blüthgen, N., De Jong, H., . . . Maier, G. (2015). 

Landscape simplification filters species traits and drives biotic homogenization. Nature communications, 6, 

8568. 

Guo, F., Lenoir, J., & Bonebrake, T. C. (2018). Land-use change interacts with climate to determine elevational 

species redistribution. Nature communications, 9(1), 1-7. 

A
cc

ep
te

d 
A

rt
ic

le



This article is protected by copyright. All rights reserved

Gutiérrez‐Cánovas, C., Millán, A., Velasco, J., Vaughan, I. P., & Ormerod, S. J. (2013). Contrasting effects of natural 

and anthropogenic stressors on beta diversity in river organisms. Global Ecology and Biogeography, 22(7), 

796-805. 

Haase, P., Pilotto, F., Li, F., Sundermann, A., Lorenz, A. W., Tonkin, J. D., & Stoll, S. (2019). Moderate warming 

over the past 25 years has already reorganized stream invertebrate communities. Science of The Total 

Environment, 658, 1531-1538. 

Hampe, A., & Jump, A. S. (2011). Climate relicts: past, present, future. Annual Review of Ecology, Evolution and 

Systematics, 42, 313-333. 

Haslem, A., Nimmo, D. G., Radford, J. Q., & Bennett, A. F. (2015). Landscape properties mediate the 

homogenization of bird assemblages during climatic extremes. Ecology, 96(12), 3165-3174. 

Hawkins, C. P., Mykrä, H., Oksanen, J., & Vander Laan, J. J. (2015). Environmental disturbance can increase beta 

diversity of stream macroinvertebrate assemblages. Global Ecology and Biogeography, 24(4), 483-494. 

Heino, J. (2011). A macroecological perspective of diversity patterns in the freshwater realm. Freshwater Biology, 

56(9), 1703-1722. 

Hevia, V., Martín‐López, B., Palomo, S., García‐Llorente, M., de Bello, F., & González, J. A. (2017). Trait‐based 

approaches to analyze links between the drivers of change and ecosystem services: Synthesizing existing 

evidence and future challenges. Ecology and evolution, 7(3), 831-844. 

Hewitt, J. E., Thrush, S. F., & Lundquist, C. (2010). Scale‐Dependence in Ecological Systems. Ecological Systems. 

In: Encyclopedia of Life Sciences (ELS), 1-7. 

Hooper, D. U., Adair, E. C., Cardinale, B. J., Byrnes, J. E., Hungate, B. A., Matulich, K. L., . . . O’Connor, M. I. 

(2012). A global synthesis reveals biodiversity loss as a major driver of ecosystem change. Nature, 

486(7401), 105. 

Iacarella, J. C., Adamczyk, E., Bowen, D., Chalifour, L., Eger, A., Heath, W., . . . MacInnis, A. (2018). 

Anthropogenic disturbance homogenizes seagrass fish communities. Global change biology, 24(5), 1904-

1918. 

Isbell, F., Craven, D., Connolly, J., Loreau, M., Schmid, B., Beierkuhnlein, C., . . . De Luca, E. (2015). Biodiversity 

increases the resistance of ecosystem productivity to climate extremes. Nature, 526(7574), 574-577. 

Jarzyna, M. A., & Jetz, W. (2018). Taxonomic and functional diversity change is scale dependent. Nature 

communications, 9(1), 1-8. 

Jouffray, J.-B., Wedding, L. M., Norström, A. V., Donovan, M. K., Williams, G. J., Crowder, L. B., . . . Gove, J. M. 

(2019). Parsing human and biophysical drivers of coral reef regimes. Proceedings of the Royal Society : 

Biological Sciences, 286(1896), 20182544. 

Julian, J. P., de Beurs, K. M., Owsley, B., Davies-Colley, R. J., & Ausseil, A.-G. E. (2017). River water quality 

changes in New Zealand over 26 years: response to land use intensity. Hydrology and Earth System Sciences, 

21(2), 1149. 

Kakouei, K., Kiesel, J., Domisch, S., Irving, K. S., Jähnig, S. C., & Kail, J. (2018). Projected effects of 

climate‐change‐induced flow alterations on stream macroinvertebrate abundances. Ecology and evolution, 

8(6), 3393-3409. A
cc

ep
te

d 
A

rt
ic

le



This article is protected by copyright. All rights reserved

Keppel, G., Van Niel, K. P., Wardell‐Johnson, G. W., Yates, C. J., Byrne, M., Mucina, L., . . . Franklin, S. E. (2012). 

Refugia: identifying and understanding safe havens for biodiversity under climate change. Global Ecology 

and Biogeography, 21(4), 393-404. 

Kuczynski, L., Legendre, P., & Grenouillet, G. (2018). Concomitant impacts of climate change, fragmentation and 

non‐native species have led to reorganization of fish communities since the 1980s. Global Ecology and 

Biogeography, 27(2), 213-222. 

Kuhn, M. (2012). Variable importance using the caret package. Journal of Statistical Software. 

Kuhn, M., Wing, J., Weston, S., Williams, A., Keefer, C., Engelhardt, A., . . . Team, R. C. (2020). Package ‘caret’. 

The R Journal. 

Laliberté, E., Legendre, P., Shipley, B., & Laliberté, M. E. (2014). Package ‘FD’: Measuring functional diversity from 

multiple traits. 

Lavorel, S., Grigulis, K., McIntyre, S., Williams, N. S., Garden, D., Dorrough, J., . . . Bonis, A. (2008). Assessing 

functional diversity in the field–methodology matters! Functional Ecology, 22(1), 134-147. 

Leathwick, J., West, D., Gerbeaux, P., Kelly, D., Robertson, H., Brown, D., . . . Ausseil, A.-G. (2010). Freshwater 

Ecosystems of New Zealand (FENZ) Geodatabase. Retrieved from Wellington, New Zealand: 

Lefcheck, J. S., Byrnes, J. E., Isbell, F., Gamfeldt, L., Griffin, J. N., Eisenhauer, N., . . . Duffy, J. E. (2015). 

Biodiversity enhances ecosystem multifunctionality across trophic levels and habitats. Nature 

communications, 6, 6936. 

Legendre, P. (2014). Interpreting the replacement and richness difference components of beta diversity. Global 

Ecology Biogeography, 23(11), 1324-1334. 

Legendre, P., Borcard, D., & Peres-Neto, P. R. (2005). Analyzing beta diversity: partitioning the spatial variation of 

community composition data. Ecological monographs, 75(4), 435-450. 

Legendre, P., & De Cáceres, M. (2013). Beta diversity as the variance of community data: dissimilarity coefficients 

and partitioning. Ecology Letters, 16(8), 951-963. 

Li, F., Tonkin, J. D., & Haase, P. (2020). Local contribution to beta diversity is negatively linked with community-

wide dispersal capacity in stream invertebrate communities. Ecological Indicators, 108, 105715. 

Magurran, A. E., Dornelas, M., Moyes, F., Gotelli, N. J., & McGill, B. (2015). Rapid biotic homogenization of marine 

fish assemblages. Nature communications, 6(1), 1-5. 

McKinney, M. L., & Lockwood, J. L. (1999). Biotic homogenization: a few winners replacing many losers in the next 

mass extinction. Trends in ecology & evolution, 14(11), 450-453. 

Mori, A. S., Furukawa, T., & Sasaki, T. (2013). Response diversity determines the resilience of ecosystems to 

environmental change. Biological Reviews, 88(2), 349-364. 

Mouillot, D., Graham, N. A., Villéger, S., Mason, N. W., & Bellwood, D. R. (2013). A functional approach reveals 

community responses to disturbances. Trends in ecology & evolution, 28(3), 167-177. 

Mykrä, H., Heino, J., & Muotka, T. (2007). Scale‐related patterns in the spatial and environmental components of 

stream macroinvertebrate assemblage variation. Global Ecology and Biogeography, 16(2), 149-159. 

Odum, E. P. (1950). Bird populations of the Highlands (North Carolina) Plateau in relation to plant succession and 

avian invasion. Ecology, 31(4), 587-605. A
cc

ep
te

d 
A

rt
ic

le



This article is protected by copyright. All rights reserved

OECD/FAO. (2015). OECD-FAO Agricultural Outlook 2015–2024. Retrieved from Paris: 

Olden, J. D. (2006). Biotic homogenization: a new research agenda for conservation biogeography. Journal of 

Biogeography, 33(12), 2027-2039. 

Olden, J. D., Comte, L., & Giam, X. (2018). The Homogocene: a research prospectus for the study of biotic 

homogenisation. NeoBiota, 37, 23. 

Olden, J. D., Poff, N. L., Douglas, M. R., Douglas, M. E., & Fausch, K. D. (2004). Ecological and evolutionary 

consequences of biotic homogenization. Trends in ecology & evolution, 19(1), 18-24. 

Pearson, K. (1901). LIII. On lines and planes of closest fit to systems of points in space. The London, Edinburgh, and 

Dublin Philosophical Magazine and Journal of Science, 2(11), 559-572. doi:10.1080/14786440109462720

Poff, N. L., Allan, J. D., Bain, M. B., Karr, J. R., Prestegaard, K. L., Richter, B. D., . . . Stromberg, J. C. (1997). The 

natural flow regime. BioScience, 47(11), 769-784. 

Quinn, J. M., & Hickey, C. W. (1990). Characterisation and classification of benthic invertebrate communities in 88 

New Zealand rivers in relation to environmental factors. New Zealand journal of marine and freshwater 

research, 24(3), 387-409. 

Radinger, J., Alcaraz‐Hernández, J. D., & García‐Berthou, E. (2019). Environmental filtering governs the spatial 

distribution of alien fishes in a large, human‐impacted Mediterranean river. Diversity and distributions, 

25(5), 701-714. 

Radinger, J., Essl, F., Hölker, F., Horký, P., Slavík, O., & Wolter, C. (2017). The future distribution of river fish: The 

complex interplay of climate and land use changes, species dispersal and movement barriers. Global change 

biology, 23(11), 4970-4986. 

Radinger, J., & García‐Berthou, E. (2020). The role of connectivity in the interplay between climate change and the 

spread of alien fish in a large Mediterranean river. Global change biology. 

Rahel, F. J. (2002). Homogenization of freshwater faunas. Annual Review of Ecology and Systematics, 33(1), 291-315. 

Rahel, F. J. (2007). Biogeographic barriers, connectivity and homogenization of freshwater faunas: it's a small world 

after all. Freshwater Biology, 52(4), 696-710. 

Roberts, D. R., & Hamann, A. (2016). Climate refugia and migration requirements in complex landscapes. 

Ecography, 39(12), 1238-1246. 

Sankaran, M., & McNaughton, S. J. (1999). Determinants of biodiversity regulate compositional stability of 

communities. Nature, 401(6754), 691-693. 

Scarsbrook, M. R., Boothroyd, I. K., & Quinn, J. M. (2000). New Zealand's National River Water Quality Network: 

long‐term trends in macroinvertebrate communities. New Zealand journal of marine and freshwater 

research, 34(2), 289-302. 

Schneider, C., Laizé, C., Acreman, M., & Florke, M. (2013). How will climate change modify river flow regimes in 

Europe? Hydrology and Earth System Sciences, 17(1), 325-339. 

Sekercioglu, C. H. (2010). Ecosystem functions and services. Conservation biology for all, 2010, 45-72. 

Shanafelt, D. W., Dieckmann, U., Jonas, M., Franklin, O., Loreau, M., & Perrings, C. (2015). Biodiversity, 

productivity, and the spatial insurance hypothesis revisited. Journal of theoretical biology, 380, 426-435. A
cc

ep
te

d 
A

rt
ic

le



This article is protected by copyright. All rights reserved

Smith, D., & McBride, G. (1990). New Zealand's National Network Water Quality Monitoring Network design and 

first year's operation. JAWRA Journal of the American Water Resources Association, 26(5), 767-775. 

Snelder, T. H., Larned, S. T., & McDowell, R. W. (2018). Anthropogenic increases of catchment nitrogen and 

phosphorus loads in New Zealand. New Zealand journal of marine and freshwater research, 52(3), 336-361. 

Sobral, F. L., Lees, A. C., & Cianciaruso, M. V. (2016). Introductions do not compensate for functional and 

phylogenetic losses following extinctions in insular bird assemblages. Ecology Letters, 19(9), 1091-1100. 

Sonnier, G., Johnson, S. E., Amatangelo, K. L., Rogers, D. A., & Waller, D. M. (2014). Is taxonomic homogenization 

linked to functional homogenization in temperate forests? Global Ecology and Biogeography, 23(8), 894-

902. 

Team, R. C. (2020). R: A language and environment for statistical computing. Retrieved from https://www.R-

project.org/.

Tilman, D., Knops, J., Wedin, D., Reich, P., Ritchie, M., & Siemann, E. (1997). The influence of functional diversity 

and composition on ecosystem processes. Science, 277(5330), 1300-1302. 

Tonkin, J. D., Death, R. G., Muotka, T., Astorga, A., & Lytle, D. A. (2018). Do latitudinal gradients exist in New 

Zealand stream invertebrate metacommunities? PeerJ, 6, e4898. 

Tonkin, J. D., Merritt, D. M., Olden, J. D., Reynolds, L. V., & Lytle, D. A. (2018). Flow regime alteration degrades 

ecological networks in riparian ecosystems. Nature Ecology & Evolution, 2(1), 86. 

Tonkin, J. D., Poff, N. L., Bond, N. R., Horne, A., Merritt, D. M., Reynolds, L. V., . . . Lytle, D. A. (2019). Prepare 

river ecosystems for an uncertain future. In (Vol. 570, pp. 301-303): Nature.

Townsend, C. R., Dolédec, S., Norris, R., Peacock, K., & Arbuckle, C. (2003). The influence of scale and geography 

on relationships between stream community composition and landscape variables: description and prediction. 

Freshwater Biology, 48(5), 768-785. 

Urban, M. C. (2015). Accelerating extinction risk from climate change. Science, 348(6234), 571-573. 

Van Looy, K., Floury, M., Ferréol, M., Prieto-Montes, M., & Souchon, Y. (2016). Long-term changes in temperate 

stream invertebrate communities reveal a synchronous trophic amplification at the turn of the millennium. 

Science of The Total Environment, 565, 481-488. 

Van Looy, K., Piffady, J., & Floury, M. (2017). At what scale and extent environmental gradients and climatic 

changes influence stream invertebrate communities? Science of The Total Environment, 580, 34-42. 

Van Looy, K., Tonkin, J. D., Floury, M., Leigh, C., Soininen, J., Larsen, S., . . . Jähnig, S. C. (2019). The three Rs of 

river ecosystem resilience: Resources, recruitment, and refugia. River Research and Applications. 

Villéger, S., Grenouillet, G., & Brosse, S. (2014). Functional homogenization exceeds taxonomic homogenization 

among European fish assemblages. Global Ecology and Biogeography, 23(12), 1450-1460. 

Walther, G.-R., Post, E., Convey, P., Menzel, A., Parmesan, C., Beebee, T. J., . . . Bairlein, F. (2002). Ecological 

responses to recent climate change. Nature, 416(6879), 389. 

White, H. J., Montgomery, W. I., Storchová, L., Hořák, D., & Lennon, J. J. (2018). Does functional homogenization 

accompany taxonomic homogenization of British birds and how do biotic factors and climate affect these 

processes? Ecology and evolution, 8(15), 7365-7377. 

Wiens, J. (1989). Spatial scaling in ecology. Functional Ecology(3), 385-397. A
cc

ep
te

d 
A

rt
ic

le

https://www.R-project.org/
https://www.R-project.org/


This article is protected by copyright. All rights reserved

Winterbourn, M. J., Rounick, J., & Cowie, B. (1981). Are New Zealand stream ecosystems really different? New 

Zealand journal of marine and freshwater research, 15(3), 321-328. 

Wood, S., & Wood, M. S. (2015). Package ‘mgcv’. R package version, 1, 29. 

Wood, S. N. (2017). Generalized additive models: an introduction with R: Chapman and Hall/CRC.

Zuur, A. F., Ieno, E. N., & Elphick, C. S. (2010). A protocol for data exploration to avoid common statistical 

problems. Methods in Ecology and Evolution, 1(1), 3-14. 

A
cc

ep
te

d 
A

rt
ic

le



This article is protected by copyright. All rights reserved

7 – Tables 

Table 1 Taxonomic and functional temporal β-diversity measured as the percentage difference index of 

dissimilarity (β%diff) and its decomposition into replacements of species abundances or functional traits 

(βrep) and unidirectional abundance gradients (βdiff) of macroinvertebrate assemblages collected annually at 

64 river sites in New Zealand from 1991 to 2016. To exclude potential spatial variations in species 

composition, samples were aggregated across all sampled sites (N=64) for each sampled year (N=25; 1991-

2016) prior to analyses. Multiple-year dissimilarity corresponds to the dissimilarity after aggregating data 

across all years. Average pairwise dissimilarity is the average value of each pairwise comparison of 

sampled years. Values in the table are percentages. 

Island
Biodiversity 

facet
β%diff βrep βdiff

Multiple-year dissimiliraty

Taxonomic 72.2 61.1 11.1
North

Functional 37.9 20.4 17.5

Taxonomic 72.3 61.1 11.2
South

Functional 37.3 21.1 16.1

Average pairwise dissimilarity

Taxonomic 58.0 37.2 20.8
North

Functional 29.7 12.0 17.7

Taxonomic 60.4 39.2 21.2
South

Functional 36.7 16.4 20.3
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Table 2 Coefficients of determination (adjusted-R2) of each generalised additive mixed effect model for 

each spatial scale and the full model (Total).  

Biodiversity 

facet
Spatial scale Total

Global Regional Catchment Reach

Taxonomic 0.25 0.05 0.07 0.07 0.38

Functional 0.23 0.01 0.21 < 0.001 0.38
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